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ABSTRACT
Volatile organic compounds (VOCs) dominate the class of pollutants that
accumulate in the atmosphere and indoors. Partitioning coefficient is a measure of a
compound’s ability to distribute between two phases. Assessing the partitioning of VOCs
is essential to determine their transport, fate, behavior, and adverse environmental and
health impacts across multiple environmental compartments. Studies on VOC partitioning
have been limited because discriminating the small mass fraction of VOCs in aerosol
particles is difficult to quantify. The partitioning of VOCs into soil, air, and aerosol particle
phases was investigated under dynamic laboratory conditions. A bench-scale system that
precisely controlled the relative humidity (RH), temperature, and composition of aerosol
particles was developed to investigate the partitioning of surrogate VOCs into inorganic
(ammonium sulfate) and organic (succinic acid) aerosol particles. The gas-particle
partitioning coefficients (Kp) were experimentally derived at different RH levels and
temperatures. The soil-to-air partitioning (KSA) was investigated as a function of the soil
water and organic matter contents. Partitioning of non-polar substituted aromatics was
sensitive to the organic matter content in water-saturated soil. KSA decreased with high
water content only for non-polar substituted aromatic VOCs. KSA of VOCs on soil with
high organic matter content correlated strongly with the saturated vapor pressure and
octanol-air partitioning constant, but not on clay soil. Kp of VOCs decreased as RH levels
increased. The amount of VOC that partitioned onto inorganic aerosol particles was
significant only at low RH levels, whereas RH levels exceeding 50% have a negligible
v

effect on partitioning. The enthalpy of desorption for trichloroethylene and 1,2dichlorobenzene partitioning into both aerosol particles was constant over the temperature
range of 278.15K to 308.15K, whereas n-butanol exhibited nonlinear temperature
dependence. KSA values were used to calculate the VOC concentrations released from a
simulated chemical spill under a worst-case scenario, and Kp values were used to calculate
the regional deposition of particles into the respiratory tract. Accumulated VOC
concentrations in the atmosphere from the soil were below the threshold limits set by
regulatory agencies. The mass of deposited aerosol-particle phase VOCs was below 200
pg during a 24 h inhalation.

vi

TABLE OF CONTENTS
DEDICATION ....................................................................................................................... iii
ACKNOWLEDGEMENTS........................................................................................................ iv
ABSTRACT ............................................................................................................................v
LIST OF TABLES ....................................................................................................................x
LIST OF FIGURES ................................................................................................................. xi
CHAPTER 1 INTRODUCTION AND MOTIVATION .....................................................................1
CHAPTER 2 OBJECTIVES AND SCOPE ....................................................................................9
CHAPTER 3 SOIL-TO-AIR PARTITIONING OF VOLATILE ORGANIC COMPOUNDS
INTO SOILS WITH HIGH WATER CONTENT ..........................................................12
3.1 TYPES OF VOCS ..................................................................................................12
3.2 SOIL AND SOIL CHARACTERIZATION ....................................................................14
3.3 MEASUREMENT OF SOIL/AIR EQUILIBRIUM PARTITIONING CONSTANT..................15
3.4 VOC SAMPLING AND ANALYSIS ...........................................................................20
3.5 STATISTICAL ANALYSIS .......................................................................................21
3.6 PARTITIONING OF VOCS IN WATER-SATURATED SOIL .........................................22
3.7 RELATIONSHIP BETWEEN KSA OF THE VOCS AND SOIL WATER CONTENT .............22
3.8 CORRELATION OF THE PHYSICOCHEMICAL PARAMETERS WITH LOG KSA ...............25
3.9 CORRELATION OF KSA WITH PSAT AND KOA IIN DIFFERENT SOIL TYPES ....................26
3.10 MECHANISMS OF SOIL/AIR VOC PARTITIONING .................................................28
3.11 ENVIRONMENTAL IMPLICATION .........................................................................35

vii

CHAPTER 4 PARTITIONING OF 1,2-DICHLOROBENZENE ONTO
ORGANIC AND INORGANIC AEROSOLS ...............................................................40
4.1 EXPERIMENTAL SETUP .........................................................................................40
4.2 AEROSOL SAMPLING ............................................................................................44
4.3 1,2-DCB QUANTIFICATION ..................................................................................45
4.4 AEROSOL CHARACTERIZATION ............................................................................47
4.5 EFFECT OF RH ON KP ...........................................................................................47
4.6 EFFECT OF TEMPERATURE ON KP .........................................................................48
4.7 PARTITIONING OF 1,2-DCB IN AEROSOL PARTICLE ..............................................54
4.8 COMPARISON OF EXPERIMENTAL KP WITH VOC PARTITIONING MODELS .............59
CHAPTER 5 TEMPERATURE DEPENDENCE OF THE GAS-PARTICLE PARTITIONING
OF SELECTED VOCS ..........................................................................................62
5.1 MATERIALS .........................................................................................................62
5.2 QUANTIFICATION .................................................................................................62
5.3 TEMPERATURE DEPENDENCE OF THE GAS-PARTICLE PARTITIONING OF VOCS .....63
CHAPTER 6 A DEPENDENCE ON HUMIDITY AND AEROSOL COMPOSITION OF
THE GAS-PARTICLE PARTITIONING OF
WEAKLY AND MODERATELY POLAR VOCS .......................................................81
6.1 EFFECT OF RH ON KP OF WEAKLY POLAR AND STRONGLY POLAR VOCS .............81
6.2 EVOLUTION IN AEROSOL PROPERTIES AT DIFFERENT RH LEVELS .........................84
6.3 PARTITIONING MECHANISM ..................................................................................86
6.4 EFFECT OF RH .....................................................................................................88
6.5 EFFECT OF WATER UPTAKE ...................................................................................88

viii

6.6 EFFECT OF THE VOC’S PHYSICOCHEMICAL PROPERTIES ......................................90
6.7 VOC/AEROSOL INTERACTIONS .............................................................................91
CHAPTER 7 RESPIRATORY DEPOSITION OF AEROSOL-BOUND VOCS USING
EXPERIMENTALLY DERIVED GAS-PARTICLE PARTITION COEFFICIENTS ..............95
7.1 PM2.5 CONCENTRATIONS IN SEOUL AND OTHER COUNTRIES ................................95
7.2 AEROSOL DEPOSITION FROM MODELING BY STRUM .............................................96
7.3 AEROSOL DEPOSITION CALCULATED FROM THE ICRP MODEL .............................98
7.4 CALCULATION OF THE VOC MASS DEPOSITED ...................................................102
7.5 VOC DEPOSITION AS A FUNCTION OF
AEROSOL COMPOSITION AND VOC TYPE ............................................................103
7.6 VOC DEPOSITION BY MODELS ...........................................................................103
7.7 VOC DEPOSITION BY AGES AND REGIONS OF THE RESPIRATORY SYSTEM ..........104
7.8 VOC DEPOSITION AS A FUNCTION OF TEMPERATURE .........................................105
7.9 ESTIMATE OF VOC DEPOSITION IN THE RESPIRATORY SYSTEM
DUE TO VARYING TSP LEVELS ...........................................................................106
7.10 DISCUSSION .....................................................................................................111
CHAPTER 8 OVERALL CONCLUSIONS ................................................................................120
REFERENCES .....................................................................................................................125
APPENDIX A: PRINTABLE AUTHORSHIP LICENSE ..............................................................152

ix

LIST OF TABLES
Table 3.1 Physicochemical properties of the VOCs ..........................................................13
Table 3.2 Physicochemical properties of the soils .............................................................17
Table 3.3 Summary of the linear regression analysis
of the log KSA with log [Psat or Koa] ....................................................................27
Table 3.4 Estimated concentration of typical VOCs released from the soil
into the air as estimated from the experimental KSA or from the KSA
using the Koa as a parameter...............................................................................39
Table 4.1 The Kp value and dry aerosol mass of 1,2-DCB partitioning
into the aerosols .................................................................................................50
Table 4.2 Kp predicted by VOC partitioning models .........................................................61
Table 5.1 Experimental data of ln Kp for three VOCs partitioning
into aerosols at an RH of 35%. ..........................................................................64
Table 5.2 Linear fit parameters and thermodynamic values for three VOCs ....................68
Table 5.3 Fitting parameters for n-BuOH using a second-order polynomial ....................73
Table 5.4 Temperature dependence of ΔHdes and ΔSdes for n-BuOH .................................74
Table 6.1 Experimental and selected literature physicochemical
properties of the VOCs ......................................................................................92
Table 7.1 The PM2.5 concentration of cities.......................................................................97
Table 7.2 Physiological breathing parameter used for determining the volume
of air inhaled and for modeling particle deposition ...........................................99
Table 7.3 Deposition of PM0.1 in the three regions of the respiratory system .................101
Table 7.4 Estimated VOC mass (pg) deposited in regions of the airway
during a 24-h exposure at 25°C and RH ~35%
using the ICRP model for PM2.5 ......................................................................110

x

LIST OF FIGURES
Figure 2.1 The diagram presenting dissertation outline.....................................................11
Figure 3.1 TGA-SDC test results for characterizing the adsorbed water
and organic matter contents in clay and silt soil ...............................................16
Figure 3.2 Partitioning of 1,2-DCB into clay and silt as a function of time ......................19
Figure 3.3 Adsorption of 1,2-DCB on the as-received S-clay at different
relative pressures at equilibrium (qe: adsorption capacity
at equilibrium; 1 µL of pure liquid 1,2-DCB was injected
into the glass bottle for the adsorption test) ......................................................19
Figure 3.4 Soil/air partition coefficient of VOCs at different soil water contents
at 25ºC. Measurements were performed at least in triplicate. Error bars
are one standard deviation from the average KSA ..................................................23
Figure 3.5 Soil water content dependence of the soil/air partition coefficient
for 1,2-DCB and toluene partitioning into S-om...............................................24
Figure 3.6 Correlation analysis between log KSA and log Psat.
Line and r2 text in black represent the regression that includes
1-butanol; line and r2(adj) text in blue represent the regression
that excludes 1-butanol) ...................................................................................30
Figure 3.7 Correlation analysis between log KSA and log Koa.
Line and r2 text in black represent the regression
that includes 1-butanol; line and r2(adj) text in blue
represent the regression that excludes 1-butanol) ............................................31
Figure 3.8 (A) Mass of the VOCs remaining in soil. (B) VOC concentration that
accumulated in the air under nighttime stable condition.
(C) Variation of the emitted VOC concentrations in air
as a function of soil depth. (D) Conditions used in the
calculations. For height comparison, Phoenix Tower
in Houston has a height of 132 m. ....................................................................38
Figure 4.1 Schematic of the experimental setup ................................................................41

xi

Figure 4.2 The Kp of 1,2-DCB partitioning into (a) Am Sulf aerosol
at 15°C and (b) SA aerosol at 25°C at different RHs.
Solid line for (a) Am Sulf is a fitted function, and for
(b) SA, the line is drawn only as a guide .........................................................49
Figure 4.3 Correlation of 1/T with ln Kp for 1,2-DCB partitioning
into SA and Am Sulf aerosol particles at 35% RH. Error bars are
one standard deviation from the mean, from triplicate measurements .............52
Figure 4.4 Evolution of the properties of the SA aerosols (a-c); and
Am Sulf aerosols (d-f) for 24 hours at different RH levels ..............................53
Figure 5.1 van’t Hoff plot of (a) n-BuOH, (b) 1,2-DCB, and (c) TCE partitioning
on SA aerosol. Data for 1,2-DCB was taken from an earlier study.
The red curve is the best-fit function for the data. The black dash
line is the linear fit to the data for n-BuOH .....................................................66
Figure 5.2 van’t Hoff plot of (a) n-BuOH, (b) 1,2-DCB, and (c) TCE partitioning
on Am Sulf aerosol. Data for 1,2-DCB was taken from an earlier
study (Ahn, Rao, & Vejerano, 2021a). The red curve is the best-fit to the data.
The black dash line is the linear fit to the data for n-BuOH ............................67
Figure 5.3 Temperature dependence of ΔHdes,for the partitioning of n-BuOH
on Am Sulf (red line) and SA aerosols (black line). The blue curve
is the ratio of ΔHdes for the VOCs partitioning in Am Sulf
and SA aerosols. The green region is the calculated value within
the experimental temperature range and values on the blue region are
the extrapolated above 308K ............................................................................75
Figure 6.1 The Kp of (a) TCE, (b) n-BuOH, and (c) 1,2-DCB (Ahn, Rao, & Vejerano,
2021a)
partitioning into Am Sulf aerosol at 25°C at different RHs.
Error bars are one standard deviation from the mean,
which were taken from triplicate measurements .............................................82
Figure 6.2 The Kp of (a) TCE, (b) n-BuOH, and (c) 1,2-DCB (Ahn, Rao, & Vejerano,
2021a)
partitioning into SA aerosol at 25°C. Error bars are one standard
deviation from the mean, which were taken from triplicate measurements.
Solid lines are not fit but were drawn as a guide only .....................................83

xii

Figure 6.3 Time-evolution of the particle size, particle number concentration,
and TSP of Am Sulf and SA aerosols for 8 hours at different RH levels .........85
Figure 7.1 Mass accumulation of n-BuOH on Am Sulf (a, b, and c) and
SA (d, e, and f) aerosols at 5, 25 and 35°C calculated from the deposition
of 100 nm particles inhaled for 24 h different age groups ..............................107
Figure 7.2 Mass accumulation of 1,2-DCB on Am Sulf (a, b, and c) and
SA (d, e, and f) aerosols at 5, 25 and 35°C calculated from the deposition
of 100 nm particles inhaled for 24 h by different age groups .........................108
Figure 7.3 Mass accumulation of TCE on Am Sulf (a, b, and c) and
SA (d, e, and f) aerosols at 5, 25 and 35°C calculated from the deposition
of 100 nm particles inhaled for 24 h different age groups ..............................109
Figure 7.4 Contribution of the three VOCs to the amount deposited in
the respiratory system that sorbed on model organic and inorganic
aerosols. Values for the line graphs correspond to the parameter
on the right axis. Values for the bar graphs correspond to the
parameter on the left axis ................................................................................115
Figure 7.5 Variation of VOC loading at different PM2.5 levels in which
the fraction of PM0.1 was assumed to be 1 wt%. The VOC mass
was calculated as independent contribution from those that sorbed
onto organic and inorganic aerosols. Partitioning data at 25°C were used.
Intersecting lines have a similar TSP level .....................................................119

xiii

CHAPTER 1
INTRODUCTION AND MOTIVATION
Predicting the environmental and human health impact of accidental chemical spills
and emissions of contaminants moving across different environmental compartments (soil,
air, and airborne particles) hinges on acquiring partitioning data that closely mimic
environmental conditions. Volatile organic compounds (VOCs) emitted from biological
and anthropogenic sources have dominated the class of organic contaminants present in the
atmosphere (Breus & Mishchenko, 2006; Dumanoglu et al., 2014; Rao & Vejerano, 2018).
Despite several decades of decreasing emissions of VOCs from mobile sources, a recent
study has shown that emissions from volatile chemical products (VCPs) have been
increasing. VOCs emitted from VCPs are twice as large as those emitted from
transportation, with VCPs emitted by the petrochemical industry as one of the largest
sources (Vijayaraghavan et al., 2014; McDonald et al., 2018). Approximately, 50-90
million tons of VOCs have contaminated soil annually worldwide from accidental spills
and leaks (Breus & Mishchenko, 2006). In addition, 1,150 Tg C/year of VOCs are emitted
from natural sources, which are ~ 10× higher (142 TgC/year) than anthropogenic emission
of VOC (Goldstein and Galbally 2007). The hundreds of VOCs detected in indoor and
outdoor air span a wide class of VOCs such as alkanes and aromatic compounds containing
multifunctional groups (Jang et al., 2004; Arp et al., 2008a; Salthammer, 2016). Many
VOCs have been linked to dysfunctions of internal organs (US EPA, 2014a) and even with
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some type of cancer (e.g., leukemia) in humans (Seitz & Stickel, 2010; St.Helen et al.,
2014). In the U.S. alone, of the 479 contaminated sites, 84% of the soil contaminants were
VOCs (Breus & Mishchenko, 2006). VOCs in soil will eventually partition into the
atmosphere since they preferentially distribute into the air (Hwang et al., 2018; Rao &
Vejerano, 2018). In 2016, approximately 16 million tons of VOCs were emitted into the
atmosphere in the U.S. alone (Statista, 2018).
VOC emission from the soil depends on the soil moisture dynamics, soil
temperature, solar irradiance, and carbon availability (i.e., organic matter content) (Rossabi
et al., 2018). Previous studies that investigated the soil-to-air partitioning of VOCs were
mainly performed on unsaturated soil that contained extremely low water (oven-dried and
air-dried soil, which are in equilibrium at a relative humidity (RH) of < 90%) and low
organic matter content (Kim et al., 2003; Goss, 2004; Shih & Wu, 2005; Asensio et al.,
2007; Sanscartier et al., 2009). These soil were mainly composed of minerals that contained
minimal organic matter (e.g., < 3% by weight for most mineral soil (Chiou, 2003). Results
from such studies may have limited applicability in assessing the emission of VOCs since
most soil in diverse environments will likely contain a high amount of water and organic
matter. What is lacking is a comprehensive investigation of the partitioning for a broader
class of VOCs of varying polarities into water-saturated soil (in equilibrium with an RH of
nearly 100%) (Hoff et al., 1993). Entrainment and transport of VOCs as they move through
soil column will depend on the soil properties, physicochemical properties of the VOCs,
and the condition at which these interactions are occurring. Soil moisture dynamics
strongly affects the emission of VOCs in the soil (Rossabi et al., 2018). The behavior of
VOCs partitioning into water-saturated soil (i.e., surface and internal pores are coated/filled
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by water vapors) (Seneviratne et al., 2010; SU et al., 2014) will substantially differ from
unsaturated soil (Ong & Lion, 1991a). A small amount of water easily saturates soil (e.g.,
< 1% by mass for sand-dominated soil) (Hoff et al., 1993; Batterman et al., 1995). Soil/air
partition coefficient (KSA) decreases significantly with increasing water content because
water competes strongly with VOCs to occupy the available sorption site in soil (Kim et
al., 2005; Shih & Wu, 2005). Some VOCs are highly soluble in water; a large mass fraction
of these VOCs in the water-saturated soil migrates to groundwater while those that interact
poorly will partition preferentially into the air or interact actively with components in soil
(Rivett et al., 2011). For some VOCs, their concentrations in groundwater have exceeded
the United States Environmental Protection Agency drinking water standards (Moran et
al., 2007; Fram & Belitz, 2011). Additionally, soil may contain considerable amounts of
organic matter. Studies on the partitioning of VOCs into unsaturated soil are dominated by
adsorption onto the mineral surface, while the organic matter content of the soil is deemed
not important on partitioning (Shih & Wu, 2005; Rivett et al., 2011). But different
functional groups that are present on the VOCs will interact to a varying extent with water,
as well as with the hydrophobic and hydrophilic domains in the organic matter fraction of
the soil affecting the emission of VOCs into the air.
VOCs preferentially partition in the gas phase because of their high vapor pressure
and low boiling point (< 240°C at standard atmospheric pressure) (US EPA, 2014b).
Because of these properties, it is assumed that the mass fraction of VOCs that will sorb
onto ambient aerosol particles is insignificant compared to those of semi-volatile organic
compounds (SVOCs). Studies have measured that sufficient VOC concentration can exist
in ambient particulate matter at a concentration level comparable to very low abundance
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SVOCs (Hamilton et al., 2004; Khanal & Shooter, 2004; Odabasi et al., 2005). Matsumoto
and colleagues detected VOC concentration in ambient aerosols sampled from the urban
atmosphere, with benzene as the dominant compound (Matsumoto et al., 2010). For this
reason, few studies have investigated the mechanism and extent of partitioning onto aerosol
particles for VOCs (Rao & Vejerano, 2018). The numerous studies on the partitioning
mechanism and the models developed to predict the gas-particle partitioning (Kp)
coefficients of organic compounds have focused on semivolatile organic compounds
(SVOCs) (Pankow, 1987; Pankow & Bidleman, 1991; Goss & Eisenreich, 1997; Goss &
Schwarzenbach, 1998; Pankow, 1998). Although the extent of aerosol particle partitioning
for VOCs is less than SVOCs, VOCs dominate the class of atmospheric pollutants emitted
from biogenic and anthropogenic sources. No systematic studies have investigated if this
assumption is correct, partly because discriminating the mass fraction of VOCs in aerosol
from the high concentration in the gas is an experimental challenge. One study in the extant
literature demonstrated that VOCs could modify the biological impact of ambient aerosols.
A laboratory-scale chamber study has shown that aerosol that had been passed over vapors
of acrolein, induce significant damage and inflammation on lung cells compared with the
pure aerosol (Ebersviller et al., 2012a, 2012b). Considering that acrolein is extremely
volatile, even a small mass fraction of it modified the aerosol’s biological response
(Ebersviller et al., 2012a, 2012b). Other studies have established that most VOCs also
reversibly or irreversibly partition into ambient atmospheric aerosol particles (Volkamer et
al., 2007; Ebersviller et al., 2012a) with mass fractions similar to those of SVOCs (Odabasi
et al., 2005; Arp et al., 2008a; Matsumoto et al., 2010).
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The gas-particle partitioning coefficient, Kp, is a measure of the distribution of a
compound between gas and particle phase (Pankow, 1987) described by equation (1.1):
Kp =

Cp
Cg ×TSP

,

m3 µg-1

(1.1)

where Cp and Cg are the concentration of the organic compound i in the particle and gas
phases, respectively (µg m-3), and total suspended particulate matter (TSP) is the mass
concentration of the aerosols (µg m-3). It predicts the mobility and fate in the environment.
Discriminating the low mass fraction of VOCs in aerosol particle to the high gas-phase
concentration is an experimental challenge. To date, measurement of the gas-particle
partitioning of VOCs has been derived from field studies (Matsumoto et al., 2010).
However, determining Kp via field sampling is more likely semiquantitative because it is
susceptible to inaccuracies from multiple factors inherent during sampling. For compounds
with low Kp, such as VOCs, partitioning between the gas and particle phases is controlled
by equilibrium (Ansari & Pandis, 2000; Mai et al., 2015). Equilibrium is affected by
temperature and modulated by the VOC’s nature, such as its solubility and polarity. Within
the narrow range of temperature in the lower troposphere, the sorption of compounds with
varying polarities on aerosol particles is sensitive to temperature fluctuations. Only scant
reports have investigated the mechanism and extent of partitioning for VOCs (Rao &
Vejerano, 2018). Studies on the partitioning mechanism of organic compounds into
aerosols and the models developed to predict the Kp of gas-aerosol partitioning date back
to 1980s (Pankow, 1987; Pankow & Bidleman, 1991; Goss & Eisenreich, 1997; Pankow,
1998; Goss & Schwarzenbach, 1998) but were heavily focused on SVOCs rather than on
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VOCs. The partitioning was primarily attributed to absorption into the water-insoluble
organic matters (WIOM) of aerosols because of the high hydrophobicity of the SVOCs.
The extent of the partitioning of VOCs will depend on the nature of the VOCs and
aerosols, and the environmental condition (more importantly relative humidity (RH) and
temperature) at which partitioning occurs (Liu et al., 2015; Rao & Vejerano, 2018;
Thevenet et al., 2018). This interaction will alter the dosimetry in both phases, but little is
known so far on the direct interactions between VOCs and aerosols (Ebersviller et al.,
2012a, 2012b). A small increase in RH could substantially increase the total organic aerosol
mass, in which water provides a large absorbing matrix for organics (Jathar et al., 2016).
We also focus on RH and aerosol composition. The interaction of aerosol
components with their surroundings is complex; changes in one property influence other
physicochemical behavior (Choi & Chan, 2002; Krieger et al., 2012; Martin, 2000). Uptake
of water by the aerosols at different RH is a critical factor (Ding et al., 2021; Hennigan et
al., 2008, 2009; Sun et al., 2013; Zhang et al., 2012). RH affects aerosol properties such as
mass, size distribution, and composition (Hennigan et al., 2008; Zhang et al., 2012). For
instance, modeling studies on SOA formation predicted a small increase in RH (0.1%)
could increase the total organic aerosol by 3% (Jathar et al., 2016). Organic-phase water
can increase the aerosol mass and provides a larger absorbing matrix for organics (Jathar
et al., 2016). Uptake of water can cover active sites on aerosol, which decreases the amount
of organics that will partition onto the aerosol via adsorption. Once covered, the VOCs’
mass fraction will depend on the VOCs’ nature (i.e., solubility, polarity, and
hydrophobic/hydrophilic properties) (Arp et al., 2008b; Matsumoto et al., 2010; Wei et al.,
2016) and other physicochemical properties.
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Aerosol composition varies widely from its source (Pöschl, 2005). In dry aerosol
particles, the major components include inorganics (e.g., ammonium nitrate, ammonium
sulfate, ammonium chloride), organic matter (e.g., succinic acid, n-alkanes, polycyclic
aromatic hydrocarbons), and elemental carbon (Donahue et al., 2009). Organic matter in
aerosol is a mixture of thousands of organic compounds from numerous sources with more
than half of the organic matter being water-soluble (Rao & Vejerano, 2018). The majority
of the mass fraction of water-soluble organic matter (WSOM) are dicarboxylic acids (C2–
C6), dicarbonyls (e.g., glyoxal), ketoacids (C2–C5), polyols (C2–C7), hydroxylamines,
amino acids (C2–C6), and nitrophenols (Donaldson & Valsaraj, 2010). VOCs are much
less hydrophobic than SVOCs (e.g., pesticides, polycyclic aromatic hydrocarbons,
polychlorinated biphenyls), with some being hydrophilic. The partitioning of VOCs into
the WSOM of aerosol particles may dominate overall partitioning. The organic fraction of
atmospheric aerosol contains a large amount of water-soluble organic compounds (Saxena
& Hildemann, 1996; Gysel et al., 2004; Decesari et al., 2005). Among the most abundant
is succinic acid (Kawamura & Bikkina, 2016). Ammonium sulfate and succinic acid
coexist in atmospheric aerosol (Lightstone et al., 2000; Q. Liu et al., 2016). The presence
of water-soluble organic acid (e.g., succinic acid) can modify the phase behavior or
inorganic constituent, particularly those exhibiting distinct phase transition such as
ammonium sulfate (Jing et al., 2018). Although aerosols composed of a higher amount of
inorganic component dictates water uptake, an equal concentration (organic: inorganic),
organic acids will influence water uptake behavior (Prenni et al., 2003). For predicting
water uptake on aerosol with mixed composition, data from pure components can be used,
assuming that each component contributes independently (Prenni et al., 2003).
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Exposure to VOCs via multiple routes induces short-term and long-term adverse
health effects (Cakmak et al., 2014; Gao et al., 2014; D. R. Brown et al., 2015). Prenatal
exposure to gas-phase VOCs negatively affects postnatal growth (Chang et al., 2017). The
detection of a substantial fraction of VOCs in aerosol particles has an important impact on
human health (Dockery et al., 1993; Pope et al., 1995) because VOCs in submicron aerosol
particles can reach regions of the respiratory system that are typically inaccessible to those
in the gas phase. Most gas-phase VOCs are poorly absorbed by cells, therefore,
immediately exhaled (Ebersviller et al., 2012a). Aerosols passed over vapors of acrolein,
an extremely volatile compound, induce significant damage and inflammation on lung cells
compared to the pure aerosol particles (Ebersviller et al., 2012a, 2012b). Hence, the impact
of the gas-particle partitioning of VOCs should not be ignored.
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CHAPTER 2
OBJECTIVES AND SCOPE
Assessing environmental and human health impacts of chemical spills relies on
information about how chemicals move across multiple environments. Here, we report a
part of our investigation on the partitioning of VOCs as they move across the soil, air, and
airborne particles. The traditional process to measure the VOC partitioning involves
collecting the samples in the field in which soil or aerosol consisting of various components
was already formed. The field sampling method has been known to result in large
variability in partitioning coefficient because of thermodynamic and non-thermodynamic
factors such as the dynamic environmental conditions over the sampling period, nonequilibrium conditions, and sampling artifacts (Wang et al., 2014; Kristensen et al., 2016).
In addition, scant research was conducted on VOC partitioning onto airborne aerosol at
different RH conditions. Many gas-particle partitioning studies have focused on SVOCs
(Weschler and Nazaroff, 2010); however, SVOCs cannot accurately describe the VOC
partitioning behavior because of the substantial differences in their physicochemical
properties. Therefore, the Kp of laboratory-generated aerosols composed of only pure
aerosols was measured in a bench-scale system under precisely controlled experimental
conditions. Therefore, four objectives were set to this study as follow:
The first objective is the development of a laboratory-scale bench system to
characterize Kp to understand the partitioning behavior between VOCs in air and aerosol

9

particles. By maintaining a stable experimental condition in each test, the specific Kp can
be measured accurately. The detailed but uncomplicated system setup may contribute to
other researchers’ work on investigating the global fate and transport of VOCs as well as
their health effects.
The second objective was to determine the physicochemical properties of the VOCs
that can be used to predict their partitioning coefficient. Results will inform the prediction
of the KSA, that can be used as proxies for measuring emissions of VOCs from the soil into
the air when air measurement is not readily available or difficult to obtain.
The third objective was to investigate the partitioning of VOCs into aerosol
particles depending on dynamic environmental conditions and physicochemical properties.
Results from this study will increase our understanding of the partitioning of VOCs in a
different aerosol component and help future studies on the model development to predict
Kp of the VOC-to-aerosol partitioning process.
The fourth objective was to estimate the transportation and fate of VOC in the
environment, such as after chemical spills because of natural disasters. In addition, the
accumulation of VOCs was calculated due to the deposition of VOC-containing aerosols
in the respiratory system as a surrogate of exposure to VOCs. This study will help to
understand the impacts of VOC partitioning on multiple environmental compartment and
human health.
Intellectual merit and major outcome. The proposed research was assessed the
partitioning of VOCs into soil and aerosol particles under different conditions to estimate
the KSA and Kp for these VOCs. This research will contribute to create models for VOCs’
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partitioning into the multiple environmental compartments. Determination of the
partitioning coefficient at different conditions allows prediction of the fate and transport of
VOCs in the environment and the impacts on health. The overall research scopes are
outlined in Figure 2.1.

Figure 2.1 The diagram presenting dissertation outline.
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CHAPTER 3
SOIL-TO-AIR PARTITIONING OF VOLATILE ORGANIC
COMPOUNDS INTO SOILS WITH HIGH WATER CONTENT1
3.1 Types of VOCs
All standards and solvents used in this study were analytical grade reagents.
Chemicals were purchased from Sigma-Aldrich, unless otherwise noted, and were used as
received. Six VOCs were purchased. Nonpolar VOCs include the aromatic VOCs (benzene
(99.8%), 1,2-dichlorobenzene (1,2-DCB, 99%,), and toluene (≥ 99.8%, BeanTown
Chemical) and the chlorinated alkane VOC (trichloroethylene (TCE, ≥ 99.5%)). 1-Butanol
(≥ 99.4%) and methyl tert-butyl ether (MTBE, 99.9%) were used as representatives of polar
and weakly polar VOCs, respectively. The deuterated VOCs, benzene-d6, 1,2-DCB-d4,
toluene-d8, 1-butanol-d10, MTBE-d3, and TCE-d were used as the internal standards to
quantify the VOCs. All deuterated chemicals were purchased from AccuStandard except
for 1-butanol-d10 (99%, Sigma-Aldrich) and TCE-d (98%, Sigma-Aldrich). Methanol (>
99.99%, Fisher Chemical) was used as a solvent for the calibration standards. The
physicochemical properties of VOCs are listed in Table 3.1. The VOCs in this study

1

Reprinted here with permission of publisher: Jeonghyeon Ahn et al., Soil-to-air
partitioning of volatile organic compounds into soils with high water content.
Environmental Chemistry 17(8) (2020) 545-557.
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Table 3.1. Physicochemical properties of the VOCs
Vapor
Molecular
CAS

DimensionSolubility

Log Kow

log Koc

(g/L)

(log L/kg)

(log L/kg)

less Henry’s

pressure
weight (g/mol)
(mm Hg)

Diffusion coefficient

Diffusion

in water (cm2/sec),

coefficient in air

×10-6

(cm2/sec), ×10-2

logKoa
(log L/kg)
law constant

Benzene

71-43-2

78.114

94.8

1.79

2.13

1.82

0.227

2.77

9.8

8.8

1,2-DCB

95-50-1

147

1.36

0.156

3.43

2.58

0.078

4.54

7.9

6.9

Toluene

108-88-3

92.141

28.4

0.526

2.73

2.15

0.276

3.29

8.6

8.7

TCE

79-01-6

131.38

69

1.28

2.42

1.97

0.428

2.79

9.1

7.9

1634-04-4

88.15

250

51.0

1.06

1.15

0.024

2.67

94.1

7.92

71-36-3

74.123

7.0

63.2

0.505

0.77

3.55E-4

4.33

9.3

8.0

MTBE
1-Butanol
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Note: data were taken from the PubChem Database (https://pubchem.ncbi.nlm.nih.gov/) except for the organic carbon-water partition
coefficient (Koc) and dimensionless Henry’s law constant, which were taken from the GSI Chemical Database (https://www.gsinet.com/en/publications/gsi-chemical-database.html). The octanol-air partition coefficient (Koa) data were calculated by dividing the
octanol-water partition coefficient (Kow) by the dimensionless Henry’s law constant.

included a wide range of each parameter, thus were good representatives in the best
correlate with KSA.
3.2 Soil and soil characterization
In our initial experiment, we found that the soil collected from the environment
contained significant concentration levels of 1,2-DCB; therefore, we purchased soil to
lessen the presence of organic contaminants contained in the soil. Two types of soil were
purchased and used without further treatment to compare KSA of VOCs according to the
soil water content and physicochemical properties of VOCs: clay (470025–200, VWR),
which we refer to as S-clay, and silt with high organic matter content (470025–202, VWR),
which we refer to as S-om. The Brunauer–Emmett–Teller (BET) test was used to determine
the specific surface area and porosity of the soil through nitrogen adsorption at 77K using
a surface area and porosity analyzer (Micromeritics ASAP 2020). The BET surface area
and the total pore volume of each soil were determined by a multipoint BET method using
the adsorption data at the relative pressure (p/p0) within 0.5. The percent of the adsorbed
water and organic matter of each soil were characterized by simultaneously performing
thermogravimetric analysis (TGA) and differential scanning calorimetry (DSC) thermal
analyses from 25 to 700°C (298 to 973K) with a heating rate of 10 °C min–1 (0.167 K s–1)
in air. The results are shown in Figure 3.1. Weight loss from 25 to 150°C (298 to 423K)
was taken as a measure of the adsorbed water content in the soil, and the weight loss from
250 to 370°C (523 to 643K) for the amount of the organic matter (Post & Henderson, 2012).
The soil particle density was measured to calculate the partition coefficient, which was
estimated by dividing the mass of the soil by the volume of the particles measured using a
graduated cylinder. The maximum water holding capacity (WHC) of each soil was
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determined by first adding water into the soil sample to form a mixture and then
centrifuging the mixture at 5600 × g for 3 min to separate the unabsorbed water. The
difference in mass of the water added into the soil and the water extracted from it after
centrifuging was the maximum amount of water the soil could hold (water holding capacity
(WHC)).
The results of the soil characterization are summarized in Table 3.2. The clay
mineral (S-clay) contained negligible amounts, ~ 0.5 wt%, of organic matter. S-clay also
had a much larger surface area (~ 2×) than that of S-om, which was similar to silt. In
contrast, S-om contained a large amount of organic matter (~ 10.7 wt%). Organic matter in
the soil can absorb water efficiently, which enhances the WHC of the soil (Brown &
Wherrett, 2018). The amount of adsorbed water in the original soil (4% and 6% of the soil
mass) without any treatment generated nearly an RH level of 100% in the sealed glass
bottle during the partitioning experiment. Therefore, both of the as-received soils from the
vendor were already saturated with water before the test. The RH level inside the bottle
containing the soil was measured after inserting a temperature and humidity probe
(USBQTENKI-T-RH-CC2, Dracal Technologies, Inc.), then sealing it, and equilibrating it
at 25°C (298K) in a temperature-controlled chamber for 20 min.
3.3 Measurement of soil/air equilibrium partitioning coefficient
The KSA was determined using equation (3.1):
KSA =

Cis
Cia

ds

where Cis and Cia are the concentrations of VOCs, i, in soil (µg g–1) and air (µg m–3)
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(3.1)
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Figure 3.1. TGA-SDC test results for characterizing the adsorbed water and organic
matter contents in clay and silt soil.
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Table 3.2. Physicochemical properties of the soils.

Surface
area (m2/g)

Organic
matter
(% of soil
mass)

Particle
density
(g/cm3)

Adsorbed
water
(% of soil
mass)

Water
holding
capacity
(%)

S-clay

23

~0

2.20

6

64

S-om

10.8

10.7

1.82

4

67

Soil
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respectively, and ds is the density of the soil particle (g m–3). The batch sorption
experiments were carried out in 10-mL borosilicate glass bottles; each contained 1 g of soil
(S-clay or S-om) and different amounts of de-ionized water to achieve 5, 20, 40, 60 and
80% of the WHC of the soil. The glass bottles were shaken on a mini orbital shaker (VWR
International) at 0.54 × g for 6 h to mix the water with the soil thoroughly. The temperature
was kept at 25 ± 0.2°C (298 ± 273.4K) by installing the mini shaker in a temperaturecontrolled chamber (CEO932, Lunaire Environmental, New Columbia, PA). After that, the
pure liquid VOC (0.4 µL for 1-butanol, benzene, toluene and 1,2-DCB; 1 µL for MTBE
and TCE) was injected into the glass bottle through the Teflon-lined rubber septum and
immediately sealed with an aluminum crimp cap. The glass bottle that contained the water
and liquid VOC was agitated for 24 h at 25 ± 0.2°C. While temperature affects partitioning
(Ranjan et al., 2012; Wei et al., 2016), we conducted the experiment only at this
temperature because the mass transfer of VOCs from the soil into the air depends primarily
on the subsurface temperature, which fluctuates sinusoidally with depth but has a
maximum temperature close to 25°C (Nofziger, 2003). Steady-state was established in less
than 24 h for the VOC with the lowest vapor pressure (1,2-DCB) (Figure 3.2) thus we
deemed that 24 h was sufficient for other VOCs to reach steady-state, which is consistent
with the times that are frequently observed and reported in the literature (Rogers et al. 1980;
Shimizu et al. 1992; Tekrony and Ahlert 2001).
The volumes of the pure VOCs injected into the glass bottles were set at 0.4 µL (1
µL = 10-9 m3) for 1-butanol, benzene, toluene and 1,2-DCB, and 1 µL for MTBE and TCE
to produce a relative vapor pressure (p/po) within 0.1 at equilibrium (except for 1,2-DCB
partitioning into S-clay). Within such a low range of the relative vapor pressure, adsorption
18
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Figure 3.2 Partitioning of 1,2-DCB into clay and silt as a function of time.

qe(gDCB/gclay)

2000

1500

1000

500

0
0.0

0.1

0.2

0.3

0.4

0.5

0.6

Relative pressure (P/Po)
Figure 3.3 Adsorption of 1,2-DCB on the as-received S-clay at different relative pressures
at equilibrium (qe: adsorption capacity at equilibrium; 1 µL of pure liquid 1,2-DCB was
injected into the glass bottle for the adsorption test).
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can be approximated to be linearly related to the vapor pressure of the VOC; thus, the
concept of a partition coefficient applies (Petersen et al., 1995). At high vapor pressures,
BET theory can be used to describe the whole adsorption isotherm over the full range of
the relative vapor pressures (Petersen et al., 1995). Our measurement of the adsorption
isotherm suggested a linear increase of the partitioning of 1,2-DCB into S-clay at the
investigated p/po range (Figure 3.3); thus, the partition coefficient concept can also be
applied to describe the partitioning of 1,2-DCB into S-clay.
3.4 VOC sampling and analysis
We used the head-space sampling method to take gas samples from the borosilicate
glass bottles at the end of the sorption experiment (Kremser et al., 2016; Mead et al., 2017).
A volume of 30 µL of gas was taken from the headspace of the bottle using a 50-µL gastight syringe (Hampton 1705SL). Since we used borosilicate glass bottles, wall loss of the
gaseous VOCs was negligible (Kim & Kim, 2015; Ahlberg et al., 2017).
A gas chromatograph (Clarus 680, PerkinElmer, Waltham, MA) and mass
spectrometer (Clarus SQ-8T, PerkinElmer, Waltham, MA) (GC/MS) system equipped with
an Agilent DB-5ms capillary column (30 m × 0.25 mm ID, 0.25-µm film coated with 5%(phenylmethylpolysiloxane) were used to quantify the VOCs. Ultrapure helium was used
as the carrier gas at a flow rate of 1 mL min–1 (1.67 × 10–8 m3 s–1). For each measurement,
immediately after injecting the 30 µL of headspace sample, 1 µL of 500 ppb of the internal
standard dissolved in methanol was also injected into the GC/MS. The ratio of the peak
areas of the target VOCs and the internal standard (500 ppb) was measured. Five different
concentrations of the VOCs and 500 ppb of their corresponding internal standard were
prepared in methanol solutions to generate the calibration curve. Next, 1 µL of each
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solution was injected into the GC/MS, and the peak areas (A) of both the VOC and internal
standard were recorded as the response ratio. The response ratio against the concentration
of the analyte to that of the internal standard was plotted to generate the calibration curves
(r2 = 0.996). The mass of VOC that partitioned into the soil was calculated by deducting
the measured mass of the gas-phase VOC in the GC/MS analysis from the mass of the
injected VOC (by multiplying the injection volume with the density of the pure liquid
VOC). The mass spectrometer was operated in the single-ion monitoring mode.
3.5 Statistical analysis
We measured the KSA at least in triplicate, which we then averaged with the
uncertainty reported as one standard deviation. Regression analysis and statistical
calculations were performed using SigmaPlot (Systat Software Inc.). We used equation 3.2
to perform regression analyses to determine which physicochemical parameters best
correlated with the measured KSA.
log KSA = A × log [physicochemical parameters] + B

(3.2)

We used these physicochemical parameters: log psat, log Kow, log Koa, log [water
solubility], log [Henry’s law constant], log [diffusion coefficient in air], log [diffusion
coefficient in water] and log [molecular weight].
3.6 Partitioning of VOCs in water-saturated soil
The KSA of VOCs in S-clay and S-om at different soil water contents are shown in
Figure 3.4. We observed different partitioning patterns for the VOCs that we investigated,
but we did not observe significant differences in the KSA for similar VOC partitioning into
both types of soil (Figure 3.4), except 1,2-DCB and toluene, which partitioned
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preferentially into S-om (red curve) than into S-clay. The average KSA of 1,2-DCB on S-om
was 2.6× to 10.9× higher than the average KSA on S-clay. In contrast, the average KSA of
toluene on S-om was 2.3× to 4.1× the average KSA on S-clay. Benzene had a similar KSA on
both types of soil. Although benzene was aromatic, it partitioned to a lesser extent into Som compared with the substituted aromatic VOCs (1,2-DCB and toluene). We observed a
similar phenomenon for the chlorinated alkane VOC (TCE) and polar VOCs (MTBE and
1-butanol), in which the extent of their partitioning was identical in both soil despite S-om
containing higher organic matter (10.7%).
3.7 Relationship between KSA of the VOCs and soil water content
We observed an almost linear decrease of log KSA with soil water content for 1,2DCB and toluene partitioning into S-om (Figure 3.5), while that of the other nonpolar
VOCs (MTBE and TCE) exhibited poor linearity into both soils (not shown). As the water
content of S-om increased, the KSA of 1,2-DCB and toluene decreased by 80% and 55%
respectively over the entire soil water content range. Partitioning of TCE into both soils
increased with an increasing water content of the soil to ~35% by mass (~ 40% of the WHC
for each soil) and then gradually declined. In contrast, for both soils, MTBE exhibited an
opposite partitioning trend: initially, the KSA slightly decreased, which then increased as
the water content of the soil increased. Also, the KSA was 15–20% greater on S-om than on
S-clay at a soil water content of > 50% by mass, which suggested that partitioning into the
soil organic matter also plays an important role for MTBE. For 1-butanol, the KSA increased
almost linearly for all water contents in both soils. Similar to MTBE, when the water
content in soil was relatively high (> 50% by mass), the KSA on S- om was nearly twice that
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Figure 3.4 Soil/air partition coefficient of VOCs at different soil water contents at 25ºC.
Measurements were performed at least in triplicate. Error bars are one standard deviation from
the average KSA.
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Figure 3.5 Soil water content dependence of the soil/air partition coefficient for 1,2-DCB
and toluene partitioning into S-om.

24

of the KSA on S-clay. As the water content of S-om increased, the KSA of 1,2-DCB and
toluene decreased by 80% and 5 % respectively over the entire soil water content range.
3.8 Correlation of the physicochemical parameters with log KSA
We investigated which physicochemical properties of the VOCs best correlated
with the measured log KSA for both soils under varying water contents for predicting KSA
using linear regression. For this analysis (performed under a confidence interval of 95%),
we used the following physicochemical properties of the VOCs: log Psat, log Kow, log Koa,
log [water solubility], log [Henry’s law constant], log [diffusion coefficient in air], log
[diffusion coefficient in water], and log [molecular weight]. Since the organic carbon
partitioning parameter (Koc) was strongly correlated with Kow (r2 = 0.9996), we only used
Kow for our analysis. Among the physicochemical parameters, psat and Koa have been
extensively used as the correlation parameters in modelling studies to predict the KSA of
VOCs partitioning into soil with a small amount of water (Goss & Schwarzenbach, 1998,
1999a; Pankow, 1998; Rao & Vejerano, 2018). The Kow has also previously been
incorporated in modelling (Hippelein & Mclachlan, 1998). The Henry’s law constant
describes the dissolution of VOCs into soil water (Ong & Lion, 1991a; Goss & Eisenreich,
1996); and the partitioning of VOCs into soil is described as the diffusion of VOCs into
the soil micropores (Cheng et al., 2012; Jochum et al., 2015); thus, these parameters were
investigated in this study as well. Since Koc was strongly correlated with Kow (r2 = 0.9996),
we only used Kow in the analysis. The physicochemical parameters of log Kow, log [water
solubility], log [Henry’s law constant], log [diffusion coefficient in air], log [diffusion
coefficient in water] and log [molecular weight] were weakly correlated with log KSA with
r2 < 0.23, 0.18, 0.30, 0.44, 0.24 and 0.23 respectively, compared with the other parameters
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regardless of soil type.
3.9 Correlation of KSA with psat and Koa in different soil types
Only log psat and log Koa correlated strongly with log KSA compared with the other
physicochemical parameters that we investigated but this was dependent on soil class. The
summary of the results of the correlation analysis for the two parameters (log psat and log
Koa) is give in Table 3.3. The graphs of the analysis depicting the correlation between log
KSA and log psat or log Koa are shown in Figure 3.6 and Figure 3.7. Both parameters weakly
correlated with log KSA for S-clay at all water contents of the soil (P > 0.05, r2 = 0.377–
0.499) for log psat and log Koa (P > 0.05, r2 = 0.582–0.656) (Table 3.3) if all the VOCs were
included.
For S-om, which contained a high amount of organic matter, the log KSA was
strongly correlated with log Koa at 4–35% soil water content (corresponding to 5–40%
WHC) (r2 ≥ 0.94, P ≤ 0.001; Table 3.3). The log psat also showed a relatively strong
correlation with log KSA at these soil water content levels (r2 of 0.835–0.943, P < 0.011).
However, at the soil water content of 54–67 % (corresponding to a WHC of ~ 80–100 %),
both parameters correlated weakly with log KSA (r2 ≤ 0.760).
Among the VOCs, the highly polar 1-butanol was an outlier in most cases.
Excluding 1-butanol from the analysis, the r2 improved slightly, but the log KSA was still
weakly correlated with both log psat and log Koa for S-clay. However, for S-om, excluding
1-butanol significantly improved the adjusted r2 from 0.747 to 0.974 (P ≤ 0.007, Table
3.3).
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Table 3.3 Summary of the linear regression analysis of the log KSA with log [Psat or Koa]
Soil type,
water content
by mass of
soil

With 1-butanol

Investigated
variable

Without 1-butanol

A

B

p-value

r2

A

B

p-value

S-clay, 6%

-0.390

2.329

0.185

0.391

-0.202

1.876

0.016

adjusted
r2
0.855

S-clay, 18%

-0.526

2.656

0.117

0.499

-0.337

2.204

0.047

0.709

S-clay, 35%

-0.633

2.801

0.139

0.460

-0.395

2.231

0.098

0.538

S-clay, 52%

-0.599

2.742

0.163

0.421

-0.350

2.144

0.097

0.641

S-clay, 64%

-0.562

2.738

0.195

0.377

-0.298

2.105

0.076

0.603

S-clay, 6%

0.571

-0.008

0.070

0.601

0.221

0.853

0.021

0.828

S-clay, 18%

0.608

-0.186

0.051

0.656

0.348

0.560

0.088

0.563

S-clay, 35%

0.780

-0.788

0.064

0.618

0.409

0.300

0.142

0.423

S-clay, 52%

0.771

-0.762

0.069

0.604

0.373

0.400

0.122

0.471

S-clay, 64%

0.756

-0.665

0.078

0.582

0.329

0.585

0.081

0.587

S-om, 4%

-0.990

3.590

0.001

0.943

-0.905

3.388

0.001

0.982

S-om, 16%

-0.868

3.345

0.007

0.869

-0.744

3.048

0.001

0.984

S-om, 35%

-0.834

3.330

0.011

0.835

-0.701

3.010

0.002

0.961

S-om, 54%

-0.720

3.113

0.087

0.561

-0.481

2.540

0.001

0.970

S-om, 67%

-0.709

3.143

0.094

0.544

-0.473

2.603

0.006

0.974

S-om, 4%

1.010

-1.269

0.000

0.995

1.009

-1.266

0.000

0.991

S-om, 16%

0.899

-0.960

0.001

0.944

0.807

-0.705

0.006

0.922

S-om, 35%

0.881

-0.863

0.001

0.940

0.771

-0.560

0.005

0.934

S-om, 54%

0.833

-0.755

0.024

0.760

0.532

0.082

0.003

0.956

S-om, 67%

0.825

-0.680

0.026

0.747

0.524

0.182

0.007

0.915

Psat

Koa

Psat

Koa

log KSA= A × log [Psat or Koa] + B was used for the analysis
water content was calculated relative to the soil mass, corresponding to ~ 5, 20, 40, 60, and 80% of the WHC
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3.10 Mechanisms of soil/air VOC partitioning
The emission of VOCs from the soil and into the air is primarily affected by the
soil moisture dynamics and carbon availability (i.e., presence of organic matter) (Rossabi
et al., 2018). The high mass fraction of water and organic matter affect VOC partitioning,
and ultimately the emission of VOCs into the air. We measured the soil–air partition
coefficient for three classes of VOCs: non-polar aromatic, slightly polar alkanes and highly
polar compounds, as representatives of chemicals that may be present in chemical spills
and environmental contamination. Our results regarding 1,2-DCB and toluene partitioning
more into S-om than into S-clay indicate that aromatic VOCs preferentially partitioned into
the organic matter fraction rather than into the mineral fraction of the water-saturated soil,
which is consistent with those in the literature (Costanza & Brusseau, 2000; Han et al.,
2013). These results indicate that the chlorine substituents likely enhanced the affinity of
the VOC to sorb onto the organic matter fraction (e.g., the hydrophobic sites) of the watersaturated soil, which is consistent with the finding that chlorinated aromatic VOCs partition
into soil with high organic matter suspended in aqueous water (Pierce et al., 1974). We
expect that the association of the chlorinated aromatic VOCs with soil organic matter may
be enhanced if the soil is saturated with water.
In soil that contained high amounts of organic matter, we attributed the decline in
KSA as the water content increases to the impact of water covering the hydrophobic sites of
the organic matter, which rendered them less available to interact with the VOC. Benzene
had a similar KSA on both types of soil. Although benzene is aromatic, it partitioned to a
lesser extent into S-om compared with the substituted aromatic VOCs (1,2-DCB and
toluene). We observed a similar phenomenon for the chlorinated alkane VOC (TCE) and
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polar VOCs (MTBE and 1-butanol), in which the extent of their partitioning was similar in
both soils, despite S-om containing higher organic matter (10.7%). This phenomenon may
likely arise because these VOCs are less hydrophobic compared with aromatic VOCs (1,2DCB and toluene). Therefore, for the less hydrophobic nonaromatic VOCs, the organic
matter fraction in soil was not the primary partitioning medium.
The comparable partition coefficients for benzene, TCE, MTBE and 1-butanol into
both soils indicated that neither the mineral soil’s specific surface area nor the organic
matter fraction in soil (Table 3.2) played a significant role on partitioning. The more
dominant factor was the presence of condensed water on the soil surface at a high level of
RH (~ 100%) (Goss & Eisenreich, 1996; Cabbar, 1999). This condensed water may form
a thick layer on soil that prevents the components in the soil from interacting directly with
the VOCs (Goss & Eisenreich, 1996) but enhances the dissolution of the VOCs. For
instance, TCE has been observed to dissolve into a water film containing at least five layers
of molecular water on a mineral surface (Ong & Lion, 1991a).
Although benzene is highly soluble in water (~ 1.79 g L-1), the dissolution of
benzene into the water in soil may not be the only mechanism of its partitioning; otherwise,
we would have observed an increased in KSA as the water content increased (Goss &
Eisenreich, 1996), but in fact, the KSA remained constant (Figure 3.1). Thus, it was likely
that some mass fraction of benzene adsorbed at the air-water interface (Heath & Valsaraj,
2015; Costanza & Brusseau, 2000). As the water content of the soil increased, more
mesopores and macrospores were filled with water, which led to a decrease in the surface
area of the air-water interface (Cabbar, 1999). The increased dissolution of benzene with
increasing soil water content might have offset the decrease in the mass of adsorbed

29

Figure 3.6 Correlation analysis between log KSA and log Psat. Line and r2 text in black
represent the regression that includes 1-butanol; line and r2(adj) text in blue represent the
regression that excludes 1-butanol).
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Figure 3.7 Correlation analysis between log KSA and log Koa. Line and r2 text in black
represent the regression that includes 1-butanol; line and r2(adj) text in blue represent the
regression that excludes 1-butanol).
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benzene at the air-water interface, leading to an almost constant KSA. Such mechanisms
may also explain the near constant KSA with increasing soil water content observed for 1,2DCB and toluene partitioning into S-clay.
The increase of KSA at the beginning was likely a result of a larger mass fraction of
TCE dissolving at higher soil water content levels and less adsorption at the air-water
interface, and the dissolution partly contributed to the overall partitioning (Ong & Lion,
1991a, 1991b). The chlorine substituents of the alkane VOC may also increase the sorption
by interacting strongly with sites on the water film that have high interfacial energy through
induced electrostatic forces (Tekrony & Ahlert, 2001). As the water content increased up
to the WHC, the area at the air-water interface and the availability of high interfacial energy
sites on the water film were significantly reduced, which resulted in the overall decline in
the KSA. We attributed the slight decrease of KSA to the adsorption-dominated partitioning
mechanism at the air-water interface when the water content of the soil was relatively low.
Although the weakly polar VOCs (e.g., MTBE) have stronger tendency to adsorb at the
air-water interface than the nonpolar VOCs, the high aqueous solubility of MTBE may
have limited the relative importance of interfacial sorption to the overall MTBE
partitioning (Costanza & Brusseau, 2000), in which we observed an increase in KSA at
higher soil water content. Also, the KSA was 15–20% greater on S-om than on S-clay at a
soil water content of > 50% by mass, which suggested that partitioning into the soil organic
matter also played a vital role in the overall MTBE partitioning.
Dissolution of 1-butanol into the water in soil was likely the dominant partitioning
mechanism because this VOC is highly polar (log Kow < 1), and because we observed an
almost linear increase in the KSA under all water contents for both soil. However, because
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1-butanol has the lowest dimensionless Henry’s law constant that is two to three orders
magnitude lower than the other VOCs, the air-water partitioning mechanism might have
also contributed to the overall partitioning of 1-butanol into soil. Similar to MTBE, when
the water content in soil was relatively high (> 50% by mass), the KSA on S-om was nearly
twice that on S-clay, which suggests the importance of the organic matter on partitioning
for this class of VOC.
We are interested in determining if psat and Koa are good predictors of KSA for VOCs
sorbing in soil that are saturated with water or those that contain water close to the WHC.
Although the psat and Koa parameters have been extensively applied in modelling studies to
predict the partitioning of VOCs into unsaturated soil, they are not applicable for mineral
soil that contains almost no organic matter under a water-saturated condition. Both
parameters were weakly correlated with log KSA for S-clay at all water contents of the soil
(P > 0.05, r2 = 0.377–0.499) for log psat and log Koa (P > 0.05, r2 = 0.582–0.656) (Table
3.3). The adjusted r2 rather than r2 was reported when we excluded 1-butanol from the
analysis because this regression contained only a part of the targeted VOC parameters
(Miles, 2005). Therefore, in this case, psat and Koa may be used to predict KSA of VOCs
partitioning into S-om. However, using these parameters may underestimate the
partitioning of highly polar VOCs (e.g., 1-butanol, log Kow << 1) when the soil water
content is relatively high.
We also compared our correlation analysis results with the work reported by
Hippelein and Mclachlan (Hippelein & Mclachlan, 1998), where the partitioning of
semivolatile organic compounds (SVOCs; chlorinated benzenes, PCBs and PAHs) into the
water-saturated soil that contained mainly sand with 1% of organic carbon and 1.9% of soil
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water was studied. In their study, the log KSA correlated well with log Koa (r2 = 0.972, A =
0.987, B = –1.686), which is comparable to the results of our analysis of VOCs partitioning
into the as-received S-om (Table 3.3; r2 = 0.995, A = 1.01, B = –1.269). Hippelein and
McLachlan (Hippelein & Mclachlan, 1998) also found a strong correlation between log
KSA and log psat (r2 = 0.974, A = –0.912, B = 4.304) after excluding PAHs from the
regression, which again was comparable to our analysis for VOCs partitioning into the asreceived S-om (Table 3.3; r2 = 0.943, A = -0.99, B = 3.59). Therefore, soil with an organic
matter as low as 1 wt% may be considered as an S-om type soil for SVOCs partitioning.
However, it is unclear if a similar organic matter content of 1 wt% is also applicable to
VOC partitioning since our S-om contained 10.7% organic matter by soil mass. Also, the
VOCs may partition differently from SVOCs (e.g., PAHs), thus models explicitly
developed for VOC-soil partitioning are desirable.
Based on these results, we have three recommendations: (1) psat or Koa is not
applicable to predict KSA for mineral-type soil that is water-saturated and contains minimal
organic matter; (2) for water-saturated soil that contains a relatively high amount of organic
matter, psat and Koa are good parameters (Koa is slightly better than psat) in modelling studies
to predict KSA if the soil contains a low mass fraction of water; (3) for soil with a high water
content (> 50% of soil mass using Koa and > 35% of soil mass using psat in this study),
highly polar VOCs need to be separated from other types of VOCs in modelling studies to
predict KSA. Therefore, for most soils in the environment that contain a high amount of
organic matter and are saturated with water, psat or Koa can be used to predict KSA.
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3.11 Environmental implication
Only a limited number of protocols exist for estimating VOC emission from the
soil into the air. A predictive equation, as in this case, can be used to determine the average
long-term emissions of VOCs released into the air. Because it is relatively easier to measure
the concentration of contaminants in water and soil, our results can be used to estimate the
emission of a broad class of non-polar and slightly polar VOCs into the atmosphere if air
quality measurement is difficult to obtain or unavailable, especially after a natural disaster.
Here, we described an application scenario of our results. The estimations described here
illustrate a worst-case scenario with several assumptions and simplifications. The most
important, but not limited to these, were: (1) the contaminants were ultimately deposited
into the soil at a high concentration, (2) emission was homogenous over time, (3) the soil
and air temperatures were assumed to be isothermal at 25°C, (4) the contaminants
accumulated in the air and were stagnant. Of course, the actual air concentrations of the
VOCs would be lower than these estimates since the prevailing meteorological conditions
disperse the contaminants. Also, emission rates into the air will decline as the VOCs in the
soil are metabolized by microorganisms or undergo biogeochemical processes over time.
In August 2017, Hurricane Harvey dumped massive rain damaging chemical and
industrial plants across south-eastern Texas. During and following the storm, 46 chemical
plants and refineries released 4.6 million pounds of hazardous chemicals into the air, land
and water over a 13-county area (Nicole, 2018). Harris County, a highly-populated area
with a large number of industrial or chemical facilities and refineries, had 63% of the
accidents (Qin et al., 2020). During the hurricane, 40% of the spilled chemicals was
released into the air, 35% into the water and 6% into the soil (Misuri et al., 2019). Harris
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County has a total area of 4600 km2, of which 4410 km2 consists of land and the rest is
covered with water. Dark gumbo clay is the dominant soil type covering half of the nonimpervious surface in Harris county (USDA, 2019).
In our calculation, we considered the mass concentration of chemicals deposited in
the soil and those in the water, which we assumed would eventually sorb in the soil. We
only considered one refinery that released 106,781 kg of chemicals during the hurricane
(Qin et al., 2020). The amount released into the soil was 43,780 kg (41%). The refinery
usually emits 2.8–7.8 wt% of benzene and 3.1–5.9 wt% of toluene (Wei et al., 2014; Mo
et al., 2015). If each VOC (benzene, toluene, ethylbenzene and xylenes (BTEX)) contained
only 5 wt% in the spilled chemical, each VOC was present at ~ 2189 kg in soil. We
calculated the concentration of VOCs that partitioned into the air using equation 3.3:
𝐶𝑎𝑖𝑟 =

𝑚𝑠
𝑑𝑠
(𝑘𝑆𝐴 +1)𝑉𝑎
ℎ𝑠

(3.3)

where Cair (µg m–3) is the concentration in air, ms (µg) is the mass of the VOC in soil, ds
(m) is the depth of the soil, hs (m) is the depth of the surface layer and Va (m3) is the volume
of air. We used a volume of 4.42 × 1010 m3. The depth of the surface layer, the region of
the atmosphere in which heat and momentum fluxes are negligible (< 10%), is ~ 100 m
during a typical daytime unstable condition and ~ 10 m during a typical nighttime situation
(Zannetti, 2013). In the calculations, we used hs at 10 m, which depicted a worst-case
scenario. For the surface area, we used the percent of non-impervious surface in Harris
County, which was estimated to be 50% (2205 km2) (Han & Burian, 2009). We used a soil
depth of 0.2 m as it contained a high concentration of organic matter (Kramer & Gleixner,
2008). We calculated the concentrations BTEX using the experimental KSA derived from
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our study, which was 40 for benzene and 56.2 for toluene under S-om at 67% WHC. For
ethylbenzene, xylenes and other VOCs that may be present during the chemical spill, we
used the Koa to determine the KSA using log KSA = 0.524 × log Koa + 0.182 in Table 3.3,
which we obtained from our correlation analysis. The conditions used in the calculation
and the air concentration for BTEX are depicted in Figure 3.8D.
At the nighttime condition, the emitted VOC concentrations into the air were 8.6
ppb for benzene, 6.2 ppb for toluene, 3.3 ppb for ethylbenzene and ~ 3.0 ppb for isomers
of xylenes. These values were well below the National Institute of Occupational Safety and
Health Recommended Exposure Limits (NIOSH REL). During the daytime, the air
concentrations for similar VOCs were 10× less because of the higher depth of the surface
layer. The masses of the VOCs remaining in the soil were three orders of magnitude lower
than the initial masses after 30 days (Figure 3.8A), and the concentrations of BTEX emitted
into the air were less than 10 ppb (Figure 3.8B). The concentration of VOCs emitted into
the air decreased with soil depth. Note, we assumed that the VOCs accumulated into the
surface layer for 24 h. At a soil depth of zero, which represents the maximum emission
rate, the air concentrations of BTEX at a surface layer of 10 m were ~ 31 ppb (Figure 3.8C).
This value is also the maximum concentration if we assumed that all the emitted BTEX
accumulated in the air for ~30 days in the absence of a removal mechanism. Note that we
estimated only from one-point source; therefore, a higher air concentration owing to a
localized emission of the VOCs is expected. Air sampling in Houston after Hurricane
Harvey was ~ 99 ppb, which suggested that other sources contributed to that spike or from
localized emissions (Tabuchi, 2017). A summary of the calculated air concentrations for a
larger subset of VOCs is presented in Table 4.4.
37

Figure 3.8 (A) Mass of the VOCs remaining in soil. (B) VOC concentration that
accumulated in the air under nighttime stable condition. (C) Variation of the emitted VOC
concentrations in air as a function of soil depth. (D) Conditions used in the calculations.
For height comparison, Phoenix Tower in Houston has a height of 132 m.
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Table 3.4 Estimated concentration of typical VOCs released from the soil into the air as
estimated from the experimental KSA or from the KSA using the Koa as a parameter.
log Koa
(log L/kg)
Aromatics
Benzene
2.77
Toluene
3.29
Ethyl benzene
3.63
o-Xylene
3.91
p-Xylene
3.65
m-Xylene
3.72
1,2-DCB
4.49
Chlorinated Hydrocarbon
TCE
2.79
Chloroethane
2.10
Chloroform
2.79
Vinyl chloride
0.92

KSA
(at 67% soil
water content,
25°C)

µg m-3

ppb

40A
56.2A
122B
170B
147B
145B
125A

27.6
23.4
14.4
11.3
12.6
12.7
14.2

8.63
6.20
3.32
2.60
2.90
2.92
2.36

0.1
100
100
100
100
100
50

48A
19.2B
43.8B
4.60B

25.3
35.8
26.5
45.5

4.71
13.4
5.42
17.8

2
2
-

Air concentration
(Nighttime)

NIOSH REL
(ppm)

Values were obtained under S-om at 67% from experimental results.
Values were calculated from the linear regression analysis of S-om, at 67% of WHC
without 1-butanol using log KSA = 0.524×log[Koa]+0.182 in Table 3.3.
Values at daytime condition are 10× less.
A
B
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CHAPTER 4
PARTITIONING OF 1,2-DICHLOROBENZENE ONTO ORGANIC AND
INORGANIC AEROSOLS2
4.1 Experimental setup
We fabricated the cylindrical chamber (diameter = 0.3 m, height = 0.1 m, and
volume ~ 7 L) from aluminum. The chamber was enclosed in a temperature-controlled
cabinet (CEO932, Lunaire Environmental, New Columbia, PA) to maintain a constant
temperature. The chamber has a removable lid that can be attached to the base with screws.
An o-ring rested in the groove on the top rim of the chamber base to ensure a tight seal
between the lid and base.
Figure 4.1 illustrates the schematic of the experimental setup. Three flows, namely,
the diluted 1,2-dichlorobenzene (1,2-DCB, 99% purity from Sigma-Aldrich) flow, aerosol
flow, and humid air flow were supplied to the chamber. All sample lines were made of
polytetrafluoroethylene (PTFE) tubing. However, we used carbon-coated tubing for the
aerosol flow to reduce particle loss during transport from the diffusion dryer to the
chamber. In a parallel experiment, we monitored the flow rate and the pressure drop across
the filter using a pressure sensor (PC series, Alicat Scientific). The pressure drop changed

2

Reprinted here with permission of publisher: Jeonghyeon Ahn et al., Partitioning of 1,2dichlorobenzene onto organic and inorganic aerosols. Environmental Chemistry
18(2) (2021) 61-70.
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Figure 4.1 Schematic of the experimental setup.

only by < 5% during the entire sampling duration as well as the flow rate.
We generated the dilute 1,2-DCB flow stream by placing a 2-mL amber vial
containing 1 mL of pure 1,2-DCB liquid in the chamber of the Precision Standard Gas
Generator (491M-B, KIN-TEC Laboratories Inc, La Marque, TX). Pure 1,2-DCB vapor
effused through a 400-µm deactivated glass capillary, which we then diluted with purified
compressed air. We supplied compressed air at a pressure of 240 kPa as the air source,
which we passed through a hydrocarbon trap (BHT-4, Agilent) to remove organics and
then through a high-efficiency particulate air (HEPA) filter (83690H, Pall Life Sciences)
to remove particles. Hereafter, air refers to clean- and particle-free air. By adjusting the
flow rate of the compressed air stream passing through the gas generator chamber, we
obtained a dilute 1,2-DCB mixing ratio of 30 ppbv in air, determined experimentally. We
used this mixing ratio in all the tests in this study. We diluted the 40 mL min -1 1,2-DCB
flow stream that entered the chamber with 260 mL min-1 of air. RH level in the chamber
was 50%. We sampled 300 mL min-1 of the mixed airflow exiting the chamber for 1.5 h
using a thermal desorption tube that contained Tenax TA as the sorbent. We measured 1,2DCB using a thermal desorption-gas chromatograph/mass spectrometer (TD-GC/MS,
PerkinElmer, Waltham, MA) in triplicates.
We generated the organic and inorganic aerosols by atomizing 200 ppm succinic
acid (SA, ≥ 99%, Alfa Aesar) and 100 ppm ammonium sulfate (Am Sulf, ≥ 99%, Sigma)
dissolved in water, respectively, to obtain a comparable dry aerosol mass of ~ 500 µg m-3.
We used SA because it is one of the dicarboxylic acids often identified in atmospheric
aerosols and is representative of the water-soluble component in aerosols (Svenningsson
et al., 2006; Jing et al., 2018). Am Sulf is a major inorganic component in aerosols (Song
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et al., 2012). We operated the atomizer (TSI 3076, TSI Incorporated, Shoreview, MN)
using compressed air at 2.5 L min-1 and 207 kPa. The MFC was interfaced with a LabVIEW
program that controlled the flow rate of the air. We dried the aerosol exiting the atomizer
by passing it through a diffusion dryer (Model 3062, TSI Inc., Shoreview, MN) containing
silica beads as the desiccant before routing the flow into the chamber. We installed a tee
connector with needle valves to control the flow rate of the aerosol entering the chamber
while we vented the excess into the atmosphere.
We generated the humid air flow by mixing the dry air (RH of ~ 4%) with the wet
air. Wet air was generated by passing the dry air through two 20-gallon saturators filled
with water that were connected in series. We obtained the desired RH of humid air by
adjusting the flow rates of the dry air and wet air using needle valves. We measured the
RH using a temperature and humidity probe (USBQTENKI-T-RH-CC2, Dracal
Technologies, Inc.). Note that the RH meter is not rated above 95%.
To investigate the effect of temperature on Kp, we varied the chamber temperature
from 5 to 35°C. We set the 1,2-DCB, humid air, and aerosol flow streams at 40, 60, and
200 mL min-1, respectively, to achieve a total flow rate of 300 mL min-1 entering the
chamber. We maintained the RH in the chamber at 35%. To investigate the effect of RH
on Kp, we kept the chamber temperature at 25°C for SA aerosols and 15°C for Am Sulf
aerosols since the amount of DCB that partitioned into Am Sulf aerosols at 25°C was below
the detection limit. We used 100 ppm SA solution, and 50 ppm Am Sulf solution at the
lowest RH to obtain ~ 500 µg m-3 of dry aerosol mass to be comparable with the dry aerosol
masses under other RH levels. We increased its concentration in the chamber by supplying
100 mL min-1 of 1,2-DCB flow rate into the chamber under dry air condition to improve
43

detection of 1,2-DCB in aerosols at high RH. The aerosol flow rate was set at 200 mL min1

, and the humid air flow was set to 0 mL min-1. We varied the RH in the chamber from 5

to 95% by adjusting the flow rate of the dried and humid air flows. We achieved low RH
levels by using highly dried silica beads in the diffusion dryer, whereas fully watersaturated beads led to the highest RH. The uncertainty (relative standard deviation) in the
RH was < 3%. The TSP readings by the SMPS were verified gravimetrically. We used
dried Am Sulf aerosol as the test aerosol. We sampled dried Am Sulf aerosol for 354 min
at a flow rate of 345 mL min-1 onto a clean filter that was preconditioned at an RH of 30%.
At the instrument’s parameter settings, the SMPS recorded a TSP of 540 µg m -3, whereas
we obtained 560 ± 20 µg m-3 from the gravimetric measurement. Since the measured
average TSP value differed only by < 4 %, we used the TSP recorded by the SMPS to
calculate the Kip without correcting for them. In most This TSP is much higher than most
ambient PM concentration in most cities, occurring only during severe episodes of haze in
highly polluted cities (Huang et al., 2018).
4.2 Aerosol sampling
We sampled the aerosols that contained 1,2-DCB for 18 h by pulling the air stream
from the chamber that was passed through two glass microfiber filters using a vacuum
pump (Model 10473, Environmental Monitoring System). The pump was coupled to an
MFC at a sampling flow rate of 300 mL min-1 (isokinetic). The filter holders were
connected in series with one piece of the glass microfiber filter (I.D. ~13 mm, pore size 1.0
µm, WhatmanTM) embedded in each filter holder. We used the first filter to capture the
aerosol particles into which 1,2-DCB partitioned. Preliminary tests suggested that one filter
can retain most of the aerosol particles (~ 99.8% capture efficiency). We used the second
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filter to correct for the gas-phase 1,2-DCB that sorbed on the filter fibers. We calculated
the mass of the 1,2-DCB that partitioned into the aerosol particles by subtracting the mass
of 1,2-DCB from the second filter from that on the first filter. Before introducing the
aerosols, the two filters were equilibrated with the diluted 1,2-DCB flow at a total flow rate
~ 300 mL min-1 for 2 h. In Figure 4.1, F1 and F2 are the glass fiber filter sampling
assemblies. The measured mass of 1,2-DCB on F1 was < 2% higher than that on F2. We
deemed this difference to be negligible and did not correct for it.
4.3 1,2-DCB quantification
After sampling, the two filters were transferred into separate 10-mL gas-tight
borosilicate vials to extract 1,2-DCB using solid-phase microextraction (SPME). Briefly,
an SPME fiber holder (SupelcoTM) that was assembled with a Carboxen®/
Polydimethylsiloxane (CAR/PDMS) fiber (SupelcoTM) was inserted into each vial through
the Teflon-lined rubber septum of the cap. The SPME fibers were then suspended in the
headspace of each vial. We then desorbed the filter for 30 min at 22 °C and measured the amount
of 1,2-DCB that sorbed onto the SPME fibers. However, the measured initial desorption
recovery under this condition was only 79 ± 6%. Desorption recovery was determined by
spiking a clean filter with 1 ppm each of 1,2-DCB and internal standard (IS, 1,2-DCB-d4,
AccuStandard), measured in triplicates. We ensure a high recovery of 1,2-DCB from the filter
by desorbing it for another 4 h at the same temperature; the recovery increased to 94 ± 5%
(determined from three replicates). For all subsequent desorption procedures, we desorbed the
1,2-DCB from the fibers at 22°C for 30 minutes and then for 4 h. We chose this desorption time
because beyond 4 h, the further amount of 1,2-DCB desorbed was below the detection limit.
We quantified the mass fraction of 1,2-DCB that partitioned onto the SPME fiber.
45

We injected 1 µL of 1 ppm IS into the GC/MS to quantify the VOC extracted by
the SPME fibers. For each filter, we summed the amount of 1,2-DCB. We analyzed the mass
of 1,2-DCB extracted by the SPME fiber using a GC (Clarus 680, PerkinElmer, Waltham,
MA) and MS (Clarus SQ8T, PerkinElmer, Waltham, MA) (GC/MS) system for
quantification, with a capillary GC column (Agilent DB-5ms) of length 30 m, ID 0.25 mm,
coated with 0.25-µm 5% (phenyl)-methylpolysiloxane. The GC/MS spectra were acquired
using the following parameters: oven temperature 50°C (1 min hold); heating rate 15°C
min-1, maximum oven temperature 140°C, ionization mode EI (electron impact, 70 eV),
ion source temperature 200°C, transfer line temperature 200°C, helium (99.999%) carrier
gas.
We quantified the concentration of 1,2-DCB using a four-point calibration curve
generated with 1,2-DCB solutions in 2-mL amber GC vials using methanol (> 99.99%,
Fisher Chemical) as the solvent. For each concentration, we added 1 µL 1 ppm IS. We
injected 1 µL of each solution into the GC/MS to measure the peak areas of the 1,2-DCB
and the IS. We plotted the response ratio v. the mass of 1,2-DCB to obtain the calibration
curve. The response ratio is the peak area of 1,2-DCB (ADCB) to that of 1,2-DCB-d4 (AIS).
We identified based on its retention time (4.63 ± 0.1 min) and its abundant ions
(C6H435Cl+ and C6H435Cl35Cl+) in the mass spectrum. For the sensitive trace level detection
of 1,2-DCB, we acquired the mass spectra in selected ion monitoring (SIM) mode to
monitor the specific mass-to-charge (m/z) ratios of 111 and 146.
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4.4 Aerosol characterization
We characterized aerosol properties, including the particle median diameter,
particle number concentration, and TSP, using an SMPS (electrostatic classifier model
3082 with a condensation particle counter model 3775, TSI Inc., Shoreview, MN). The
SMPS was operated at 300 mL min-1 with a sheath flow of 3 L min-1. The residence time
of the aerosol in the chamber was ~ 24 min. At each RH level, we monitored the properties
of the aerosols that exited the chamber for at least 18 h, at 20 min intervals. The dry aerosol
mass was used to calculate Kp using Equation 1.1. The dry mass was used because at very
high RH, the amount of water that sorbed to the aerosols resulted in an increased in TSP.
We obtained the dry aerosol mass by routing the aerosol flow exiting the chamber to an
additional diffusion dryer using dry air (RH < 10%.) The water content of aerosols at each
RH level was then calculated after determining the masses of the wet and dry aerosols. We
measured the aerosol properties in location 1 or location 2 in Figure 4.1.
4.5 Effect of RH on Kp
The Kp of 1,2-DCB partitioning into Am Sulf and SA aerosols was dependent on
RH (Figure 4.2). Although temperature conditions were different (Am Sulf aerosols at
15°C versus SA aerosols at 25°C), the Kp values for both aerosols decreased as RH
increased. For Am Sulf aerosols, Kp values decreased sharply at ~ 45% but did not
significantly increase even at an RH of 95%, whereas for SA aerosols, Kp slowly declined
as RH increased (Figure 4.2). Although the fit used only three data points, sorption of 1,2DCB on Am Sulf aerosol followed the expected classic exponential relationship between
Kp and RH (Figure 4.2a). However, the sorption of 1,2-DCB on SA aerosol departed from
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this relationship (Figure 4.2b). We calculated that 1.39, 1.19, 0.81, and 0.40 pg of 1,2-DCB
partitioned to 1 µg of SA aerosol (dry mass) at RH levels of 5, 45, 70, and 95%, respectively
(Table 4.1). The mass fraction of 1,2-DCB that partitioned onto both aerosols was <
0.001% as nearly all of the 1,2-DCB was expected to be in the gas phase (Matsumoto et
al., 2010).
4.6 Effect of temperature on Kp
The Kp values of the 1,2-DCB partitioning into the SA aerosol particle at 15, 25,
and 35°C were (13.1 ± 3.98) × 10-8, (3.94 ± 0.68) × 10-8, and (0.89 ± 0.70) × 10-8 m3 µg-1,
respectively. The dry aerosol mass of 1,2-DCB corresponded to 3.27, 1.03, and 0.23 pg
(Table 4.1). RH was fixed at 35 ± 3% in this experiment. These values were greater than
the 0.1 pg that we calculated using the data from the literature that sampled urban aerosols
(Odabasi et al., 2005). Our Kp values were in a similar range to the data reported for nonpolar organics (mainly SVOCs) partitioning into urban, suburban, coastal, and rural aerosol
particles owing to the comparable vapor pressure (Arp et al., 2008a).
At 15 and 25°C, Kp of 1,2-DCB partitioning on Am Sulf aerosol particle was almost
two orders of magnitude smaller than on SA aerosol particle (Figure 4.3). At 35°C, the Kp
could not be determined because the amount of 1,2-DCB was below detection limit. For
each aerosol type, the sorption of 1,2-DCB followed the classic van’t Hoff relationship (ln
Kp linearly related to 1/T) (Figure 4.3) (Goss, 1993a). The slopes of the regression lines for
SA and Am Sulf aerosols were 11,938 and 15,305, respectively. We calculated the heat of
desorption (ΔHdes) using equation (4.1):
ln Kip =

ΔHdes
RT

+ constant.
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(4.1)

Figure 4.2 The Kp of 1,2-DCB partitioning into (a) Am Sulf aerosol at 15°C and (b) SA
aerosol at 25°C at different RHs. Solid line for (a) Am Sulf is a fitted function, and for (b)
SA, the line is drawn only as a guide.
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Table 4.1 The Kp value and dry aerosol mass of 1,2-DCB partitioning into the aerosols.
Aerosol type

Temperature (°C)

Succinic acid

15

200 ppm

25

Kp
(×10-8, m3/µg Aerosol)

Cip/TSP
(pg VOC/µg Aerosol)

13.1±3.98

3.27

3.94±0.68

1.03

0.89±0.70

0.23

5

2.27±0.13

1.39

45

1.96±0.33

1.19

70

1.34±0.30

0.81

95

0.48±0.38

0.4

2.59±0.74

0.63

0.27±0.26

0.07

0.07±0.008

0.02

BDL

BDL

5

6.30±3.47

3.82

45

0.25±0.02

0.15

95

0.43±0.23

0.26

RH (%)

35

35

25

50

Ammonium sulfate

5

100 ppm

15
25

35

35

15
BDL: Below the detection limit

where R is the ideal gas constant and T is the absolute temperature. The estimated ΔHdes
was 109.5 ± 5 kJ mol-1 for SA aerosol and 127.0 ± 6 kJ mol-1 for Am Sulf aerosol. Errors
( 𝜎∆𝐻𝑑𝑒𝑠 ) were derived as the propagated uncertainties, which were calculated as
σ∆Hdes =±σslope R×10-3 . Uncertainty in the slope (𝜎𝑠𝑙𝑜𝑝𝑒 ) was derived from fitting the data in
Igor ProTM, and was defined as one standard deviation from the mean. These values were
more endothermic than the measured ΔHdes for more than 50 S/VOCs and VOCs
partitioning into atmospheric aerosol particles, in which most ΔHdes ranged from 40 to 70
kJ mol-1 (Arp et al., 2008b).
To understand the reason leading to the Kp change of SA aerosol at each RH level,
we continuously monitored the evolution of aerosol exiting the chamber for more than 18
h. The particle median diameter for SA aerosol at an RH of 5% was much larger than at
RH levels of 45% and 70%. The particle number concentration was lower under dry
conditions (5% RH), suggesting that the SA particles aggregated (Figure 4.4a-c).
Increasing RH from 45% to 95% led to a larger particle median diameter and higher TSP
for the SA aerosol. We measured a water content of 24, 37 and 71% by aerosol mass at RH
level of 45, 70 and 95%, respectively, for the SA aerosol.
Similarly, we monitored the properties of the Am Sulf aerosol at each RH level
(Figure 4.4d-f). Unlike SA aerosol, the particle median diameter for Am Sulf aerosol at an
RH of 10% was comparable with those at an RH of 45%. We measured a water content of
42% at an RH of 45% and the particle median diameter was 64 nm. The particle number
concentration at RH. 10% was lower than that at RH 45% and 95%; thus, the dry aerosol
aggregated. The particle median diameter at an RH of 95% was larger than that at an RH
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Figure 4.3 Correlation of 1/T with ln Kp for 1,2-DCB partitioning into SA and Am Sulf
aerosol particles at 35% RH. Error bars are one standard deviation from the mean, from
triplicate measurements.
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Figure 4.4 Evolution of the properties of the SA aerosols (a-c); and Am Sulf aerosols (df) for 24 hours at different RH levels.
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of 45%, suggesting that more water sorbed into the Am Sulf particles because it is highly
hygroscopic. However, both the particle number concentration and TSP at RH 95% were
smaller than those obtained at RH 45%. Also, the measured water content at RH of 95%
was only 52%, and the particle median diameter was 77 nm. Thus, it is likely that large
particles that contained a high mass of water may have settled in the chamber owing to
gravity. At an RH of 95%, we observed that liquid water formed on the chamber walls at
the end of the measurement, which explained the observed lower TSP and particle number
concentration.
4.7 Partitioning of 1,2-DCB in aerosol particle
Assessing the contribution of VOCs in aerosol particle has been limited by the
experimental challenge in detecting their extremely low mass fraction in aerosol particle
compared to that in the gas phase. Here, we present our study on the measurement of the
partitioning coefficient for 1,2-DCB under different RHs and temperatures. Our Kp values
(Figure 4.2 and Table 4.1) were in a similar range to the data reported for non-polar
organics (mainly SVOCs) partitioning into urban, suburban, coastal, and rural aerosol
particles due to the comparable vapor pressure (Arp et al., 2008a). Because of the lower
vapor pressure of SVOCs, a higher mass of SVOCs is expected to partition into aerosol
particles compared with VOCs. The Kp for 1,2-DCB in our study being comparable with
those reported in the literature for some SVOCs suggests the WSOM fraction in aerosol
particles plays an important role in the overall partitioning of VOCs (Arp et al., 2008a).
Sorption of 1,2-DCB into both types of aerosol particle was favorable, as deemed from
their higher endothermic ΔHdes compared with some S/VOCs that partitioned into
atmospheric aerosol particles (Arp et al., 2008b). The ΔHdes values we obtained were more
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endothermic than those measured for more than 50 S/VOCs partitioning into atmospheric
aerosol particles, in which the majority of the ΔHdes ranged from 40 to 70 kJ mol-1 (Arp et
al., 2008b).
In the earlier work by Pankow, gas-phase organics partition into aerosol particle via
two mechanisms: adsorptive and absorptive (Pankow, 1994). Absorptive gas-particle
partitioning occurs when organics diffuse into the bulk of the aerosols via dissolution.
Adsorptive gas-particle partitioning occurs when organics interact with the active surface
sites on the aerosol particle. However, in many cases, it is unclear which is the dominant
partitioning mechanism (Goss & Schwarzenbach, 1998). One mechanism primarily drives
the partitioning depending on the RH level and the composition of the aerosol. For Am
Sulf aerosol, at low RH levels (~< 35%), partitioning of 1,2-DCB was potentially driven
by adsorption, whereas at RH ~> 35%, the extremely low amount of sorbed 1,2-DCB may
be driven by absorption. 1,2-DCB partitioning on SA aerosol particle was driven by
adsorption at all RH levels, perhaps excepting at saturated RH level. The dependence of Kp
on RH for 1,2-DCB partitioning onto SA aerosol particle was much lower than onto Am
Sulf aerosol particle, as depicted in Figure 4.2a, b.
The sorption of 1,2-DCB on Am Sulf aerosol particle followed the expected
exponential relationship between Kp and RH at RH > 30% (ln Kp = – C × RH + E, where
C and E are VOC- and aerosol-specific constants) (Goss, 1992; Goss & Eisenreich, 1997).
Our results are consistent with the findings in the literature that RH ranges of 50–90% have
a negligible effect on the partitioning of non-polar VOCs (e.g., 1,2-DCB) because 1,2-DCB
preferentially partitions into the hydrophobic phase of aerosol particle (Cotham &
Bidleman, 1992a; Arp et al., 2008a; Jathar et al., 2016) and is poorly water-soluble. For a
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simplified aerosol consisting of two components, such as our study, the lower Kp may be
due to the absence of a hydrophobic phase. Sorption of 1,2-DCB on Am Sulf aerosol
particle is primarily due to the aerosol’s higher number of active surface sites at low RH
(Goss & Schwarzenbach, 1999). At higher RHs (≥ 35%), 1,2-DCB partitioned onto Am
Sulf aerosol particle primarily via dissolution into the aqueous phase, although at extremely
low mass fraction because of the poor solubility of 1,2-DCB (1.47 wt% at 25 oC). Since
Am Sulf is highly hygroscopic, at higher RH levels (45% and 95%), water solvated and
ionized Am Sulf, which prevented 1,2-DCB from interacting directly with the active
surface sites of the aerosol. We ascribed the larger Kp at an RH of 10% compared to those
at higher RH levels to the adsorption of VOCs into the aerosol particle surface via Van der
Waals interactions. For an aerosol consisting of a hydrophobic phase, we expect that 1,2DCB would partition more into the aerosol particle, leading to a higher Kp. Note that
although the deliquescence RH of Am Sulf is ~ 82% (Brooks et al., 2002), Am Sulf is
highly hygroscopic and even a low amount of water (RH ~ 40%) is enough to cover these
active sites (Goss & Schwarzenbach, 1999). Thus, the Kp at an RH of ~ 40% was similar
to that at saturated RH level.
However, the sorption of 1,2-DCB on SA aerosol particle did not fit the exponential
dependence of Kp with RH (Figure 4.2b). Comparing the trendline of each aerosol type,
the decrease in Kp for SA was more gradual than that for Am Sulf. The partitioning of 1,2DCB on SA aerosol particle primarily occurred via adsorption. Under this condition, 1,2DCB adsorbed onto the aerosol particle surface via Van der Waals interactions (Goss,
1993b; Schwarzenbach et al., 2016). At higher RH levels (> 45%), the carboxylic acid
functional group in SA formed a strong complex with water. In an earlier study by Pankow,
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gas-phase organics (primarily SVOCs) were described as absorbing onto aerosol particle
by dissolving into the bulk of the organic phase. However, such a scenario may only apply
at higher RH levels since the deliquescence RH of submicron SA particles (particle median
diameter ~ 200 nm) occurs only at nearly saturated humidity (99%) (Bilde & Svenningsson,
2004). Moreover, the deliquescence of small particles (such as in our study, particle median
diameter < 100 nm) consisting of slightly soluble compounds such as SA (solubility at
25°C ~ 8.3 wt%) (Brooks et al., 2002; Wex et al., 2007) requires overcoming an activation
barrier (Bilde & Svenningsson, 2004). Additionally, dry SA particles are not highly
hygroscopic compared with Am Sulf particles.
These physicochemical behaviors of SA may explain: (1) their higher Kp relative
to Am Sulf; (2) the gradual decline in Kp with increasing RH levels; and (3) the small
difference in the Kp at low (< 50%) and high RH levels (> 95%) compared to sorption on
Am Sulf aerosol particle. It appears that for SA and at RH levels lower than saturation, the
dominant mechanism is the adsorption of 1,2-DCB. We attribute this observation to two
possible explanations. First, the slow decline in Kp suggests that 1,2-DCB competes well
with water. Otherwise, we would have observed a similar behavior to that of Am Sulf, in
which the Kp decreased exponentially with RH and then remained almost constant. Indeed,
a modeling study demonstrates that the interaction of chlorine with a hydrogen bond donor
(-OH) is comparable to the canonical hydrogen bond (i.e., -OH in SA with water) (Lin &
MacKerell, 2017). However, this comparable strength of interaction was tempered by an
orientation requirement. The chlorine atom should be oriented perpendicularly to interact
successfully with the hydroxyl group in SA (Lin & MacKerell, 2017). Second, at a higher
RH level, an increasing number of water molecules will compete with the hydroxyl group
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in SA in interacting with the chlorine atom, dominating the low concentration of gas-phase
1,2-DCB (Lin & MacKerell, 2017). Theoretical calculation of SA’s interaction with water
shows that proton transfer increases with increasing hydration cluster (Taheri et al., 2011).
As a result of this competitive interaction, only a few molecules of 1,2-DCB can interact
with the available sorption sites on SA aerosol particle, thus, Kp decreased.
We used a high TSP to shorten the sampling time, obtain a sufficient mass of 1,2DCB and minimize their breakthrough from the filter fibers. Such a TSP level occurs only
during severe haze episodes in some cities (Huang et al. 2018). The dependence of Kp with
temperature (equation 5.1) can be expressed as ln Kp = A / T + B, where T is temperature,
and A and B are constants (Pankow 1987). A depends on ΔHdes, whereas B depends on the
properties of the compound and the specific surface area of the aerosol (Pankow 1987). At
constant temperature, for the same type of aerosol and under the same ambient conditions
(e.g., RH), A and B would be similar (Pankow & Bidleman 1991). Hence, a high TSP level
would not affect the measured Kp. If equaion (4.1) is used to derive ΔHdes, as long as the
fraction of non-exchangeable organics between the two phases is low, then ln Cip / (Cig ·
TSP) is closer to the true thermodynamic partition coefficient (Kp) (Pankow & Bidleman
1991). In the case of a highly volatile VOC such as 1,2-DCB, its fraction in the particle
phase was < 0.001%, and the non-exchangeable fraction is even lower. The equilibration
timescale for VOCs is rapid, seconds to minutes (Shiraiwa & Seinfeld 2012). 1,2-DCB has
a sufficient time to reach equilibrium between the gas and aerosol phases in the chamber
(residence time ~ 24 min). Overall, a high TSP level should not affect the kinetic and
thermodynamic parameters during the partitioning of 1,2-DCB onto SA and Am Sulf
aerosol particles. The mass fraction of an organic compound that partitioned onto the
58

aerosol particle also depends on the particle size. For instance, for the polychlorinated
biphenyls SVOCs, most of the mass partitions into the smaller size-fraction (< 1 µm) (Zhu
et al. 2017). This observation is consistent with the explanation that for an equivalent
aerosol mass, the number concentration for small particles is higher, therefore, there is a
larger total surface area compared with larger particles.
4.8 Comparison of experimental Kp with VOC partitioning models
Partitioning models for SVOCs, which are derived empirically, can be used to
estimate Kp. Although modeling studies have been carried out for VOCs using models
mainly developed for SVOCs partitioning into the WIOM fraction of aerosol particles since
the 1980s (Abraham, Andonian-Haftvan, et al., 1994; Abraham, Chadha, et al., 1994;
Pankow, 1994), only the saturated vapor pressure (Pi0) and the octanol-air partition (KOA)
models (Finizio et al., 1997) were applicable to VOCs (Table 4.2). Both the Pi0 and KOA
model can be applied to nonpolar VOCs and some polar/nonionizable VOCs (Harner &
Bidleman, 1998; Rao & Vejerano, 2018). The Pi0 model is applicable to organic and
inorganic aerosols, and assumes that the chemical potential of the VOC is equal in the gas
and aerosol phases (Rao & Vejerano, 2018). Since n-octanol is considered as WIOM in the
KOA model, it can be expressed as the simplified KOA model in Table 4.2. At 25°C and RH
of 5% with SA aerosol, the KOA model predicted the Kp of 1,2-DCB better than the Pi0
model. The Kp predicted by the Pi0 model was 2.5× higher than the experimental value.
Indeed, the KOA model predicts the Kp better than the Pi0 model for different classes of
nonpolar organics that exhibit a similar ratio of activity coefficients between the inorganic
and organic matter fractions (Pankow, 1998). Our calculation, which estimated the Kp with
VOC partitioning models, agrees well with our experimental value (Table 4.1 and 4.2)
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compared to the predicted Kp of 31 for an isomer of 1,2-DCB (e.g., 1,4-dichlorobenzene)
in an earlier calculation (Odabasi et al., 2005). However, the KOA model is limited to
organic aerosols (Rao & Vejerano, 2018) because n-octanol is used as a surrogate for
organic matter fractions. Note that while the equation by Pankow contains absorptive and
adsorptive contribution, we calculated only the absorptive contribution for Am Sulf. We
assumed that the active surface sites are covered with water at an RH of 35% as deemed
from the low Kp in Figure 4.3a and Table 4.1. At 5°C and RH of 35%, the experimental Kp
of 1,2-DCB partitioning on Am Sulf aerosol was comparable to that predicted by the Pi0
model. However, when applied at a low RH (~ 5%), assuming a low number of active sites
(Ns ~ 100 cm-2), the predicted Kp (~ 22.9) deviated substantially from the experimental Kp.
Although the dominant mechanism was the adsorption of 1,2-DCB onto SA aerosol
particles at RH levels lower than saturation, the adsorptive or absorptive component of the
Kp predicted by Pi0 model departed substantially from the experimental value (Table 4.2).
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Table 4.2 Kp predicted by VOC partitioning models.
Predicted Kp
VOC Partitioning Model

Equation
(×10-8, m3 µg-1 aerosol)

Succinic acid @25°C, 5% RH
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Experimental value

2.27±0.13

Saturated vapor pressure model (Pi0) (Goss 1994;
Goss and Schwarzenbach 1998)

18.8adsorptive 7.85absorptive

Octanol-air partition model (KOA) (Pankow, 1998)

3.21

Simplified octanol-air partition model (KOA)
(Harner & Bidleman, 1998)

1.69

–
Kp =

1 Ns aTSP T e(Ql-Qv )RT
760 f RT
+ 6 om
[
]
Poi
1600
10 MWom ζi, om

Kp =

KOA fom ζi, oct MWoct
ρoct
ζi, om MWom

log Kp = log KOA + log fom - 11.91

Ammonium sulfate @5°C, 35% RH
Saturated vapor pressure model (Pi0) (Goss 1994;
Goss and Schwarzenbach 1998)

3.52absorptive

Experimental value

2.59±0.74

Kp =

6

760 fim RT

10 MWim P0i ζi, im

–

octanol/air partition coefficient (KOA); organic proportion of the particle (fom); inorganic proportion of the particle (fim); octanol density (ρoct); activity
coefficient of compound i in octanol (ζi, oct); activity coefficient of compound i in organic matter (ζi, om); activity coefficient of compound i in inorganic
matter (ζi, im); molecular weight of octanol (MWoct); molecular weight of organic matter (MWom); molecular weight of inorganic matter (MWim); vapor
pressure of compound i (Pi0); gas constant (R); absolute temperature (T); surface concentration of sorption sites (Ns); specific surface area for the TSP (aTSP);
the enthalpy of desorption of compound i from the adsorbing solid surface (Qs); enthalpy of vaporization of i as a liquid (Qv)
*Only the absorptive part was used to calculate the predicted Kp as Ns was assumed zero at an RH of 35%.

CHAPTER 5
TEMPERATURE DEPENDENCE OF THE GAS-PARTICLE
PARTITIONING OF SELECTED VOCS3
5.1 Materials
n-BuOH (≥ 99%) and TCE (≥ 99%) were purchased from Sigma Aldrich and used
without purification. Deuterated analogs of n-BuOH (1-butanol-d10, ≥ 99%) and TCE
(trichloroethylene-d, ≥ 99%) were purchased from AccuStandard. Methanol (> 99.99%,
Fisher Chemical) was used as the solvent for preparing the internal standard (IS) and
calibration solutions. Succinic acid (≥ 99%, Alfa Aesar) and ammonium sulfate (≥ 99%,
Sigma) were used to generate the organic and inorganic aerosols, respectively. Here, Am
Sulf and SA refer to the aerosol particles generated from ammonium sulfate and succinic
acid, respectively.
5.2 Quantification
The mass of n-BuOH and TCE was measured by using a GC/MS system for
quantification. The calibration curve was generated by preparing different concentrations
of n-BuOH and TCE solutions in methanol. For each concentration, 1 µL of 1 ppm of the

3
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corresponding IS was added. We injected 1 µL of each solution into the GC/MS to measure
the peak areas of n-BuOH or TCE was plotted to obtain the calibration curve. The response
ratio is the peak area of n-BuOH or TCE to that of the IS. For each filter, the VOC masses
from the two desorption steps were combined.
The VOCs were identified based on their retention time (2.50 ± 0.1 min for nBuOH, and 2.45 ± 0.1 min for TCE) and their abundant ions (C2HO+, H4H8+ for n-BuOH,
and C2HCl3+ for TCE) in the mass spectrum. We monitored specific mass-to-charge ratios
of 41 and 56 for n-BuOH and 130 and 132 for TCE. Mass spectra were acquired in selected
ion monitoring mode for trace level detection of the VOCs.
5.3 Temperature dependence of the gas-particle partitioning of VOCs
Assessing the particle-phase VOCs has been limited by the experimental challenge
in detecting the extremely low mass fraction of VOCs in aerosol particles compared to that
in the gas phase. Here, we present our study on the quantitative laboratory measurement of
Kp of n-BuOH and TCE and compare them to our previous results for 1,2-DCB under a
fixed RHs and varying temperatures.
The ln Kp values for the three VOCs are summarized in Table 5.1. The ln Kp values
for TCE partitioning into SA and Am Sulf aerosol particles at 278.15, 285.15, 298.15, and
308.15K measured at a fixed RH of 35 ± 3% ranged from -26.4 to -28.3. These values were
four to five orders of magnitude lower than the Kp obtained for 1,2-DCB. Whereas the ln
Kp values for n-BuOH ranged from -13.9 to -17.4 on both aerosols. Kps for n-BuOH
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Table 5.1 Experimental data of ln Kp for three VOCs partitioning into aerosols at an
RH of 35%.
ln Kp (SA)
VOC

278.15K

288.15 K

298.15 K

308.15 K

nm

-15.9 ± 0.29

-17.0 ± 0.17

-18.5 ± 1.07

TCE

-27.0 ± 0.70

-27.3 ± 0.17

-27.7 ± 1.20

-27.9 ± 0.01

n-BuOH

-13.9 ± 0.03

-14.9 ± 0.09

-15.2 ± 0.02

-17.4 ± 0.17

1,2-DCBa

ln Kp (Am Sulf)
1,2-DCBa

-17.5 ± 0.29

-19.7 ± 0.90

-21.2 ± 0.13

nm

TCE

-26.4 ± 0.26

-27.3 ± 0.18

-27.4 ± 0.71

-28.3 ± 0.01

n-BuOH

-14.1 ± 0.16

-14.5 ± 0.17

-15.2 ± 0.17

-17.1 ± 0.12

a

Data were taken from a companion study for comparison

nm not measured
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were comparable to that of 1,2-DCB but were ~ 10× higher at 298.15 and 308.15K. At
288.15 and 298.15K, Kp of 1,2-DCB partitioning on Am Sulf aerosol particles was almost
two orders of magnitude smaller than those on SA aerosol particles. In general, the ln Kp
increased as the temperature increased (Kp decreased with increasing temperature) for all
the VOCs partitioning in both aerosol types. In our earlier result for 1,2-DCB, the mass
fraction of 1,2-DCB at 308.15K was below the method’s detection limit.
To deduce the ΔHdes and ΔSdes, we plotted ln Kp with 1/T, which are depicted in
Figure 5.1 for the VOC partitioning into Am Sulf aerosol particles, and in Figure 5.2 for
those partitioning on SA aerosol particles. On both aerosols types, the sorption of TCE
followed the classic van’t Hoff relationship (ln Kp linearly increased with to 1/T, r2 = 0.944)
(Figure 5.1 and 5.2) (Goss, 1993a). We also observed similar behavior for 1,2-DCB in our
earlier report (r2 = 0.988). We included the plot for 1,2-DCB for comparison. Partitioning
of TCE behaved similarly to 1,2-DCB (Ahn, Rao, & Vejerano, 2021a). However,
moderately polar compound n-BuOH did not fit well with the classic van’t Hoff plot. The
r2 for n-BuOH was only ~ 0.84. We calculated the enthalpy of desorption (ΔHdes, kJ mol1

) using equation (5.1):
𝑙𝑛𝐾𝑝 = −

∆𝐻𝑑𝑒𝑠
𝑅𝑇

+

∆𝑆𝑑𝑒𝑠
𝑅

(5.1)

where R is the ideal gas constant (J K-1 mol-1), and T is the absolute temperature (K). The
enthalpy of sorption (ΔHsorption) = –ΔHdes. Values of the linear fitting parameters are
summarized in Table 5.2. The slopes of the regression lines for SA and Am Sulf aerosol
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Figure 5.1 van’t Hoff plot of (a) n-BuOH, (b) 1,2-DCB, and (c) TCE partitioning on SA aerosol. Data for 1,2-DCB
was taken from an earlier study. The red curve is the best-fit function for the data. The black dash line is the linear fit to
the data for n-BuOH.
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Figure 5.2 van’t Hoff plot of (a) n-BuOH, (b) 1,2-DCB, and (c) TCE partitioning on Am Sulf aerosol. Data for 1,2DCB was taken from an earlier study (Ahn, Rao, & Vejerano, 2021a). The red curve is the best-fit to the data. The
black dash line is the linear fit to the data for n-BuOH.

Table 5.2 Linear fit parameters and thermodynamic values for three VOCs.
Fitting parameters and thermodynamic value
VOC

Intercept

Slope

ΔHdes

ΔSdes

ΔHvap*

(kJ mol-1)

(kJ mol-1)

(kJ mol-1)

nc

nc

52.0 ± 3.0

48.5±0.1

r2

-42.9±4

8105±1020

0.875

(-46.7±4)

(9183±1080)

(0.883)

-72.8±10

15249±2830

0.988

-126.8±6

-0.605±0.02

(-61.5±8)

(13173±2420)

(0.993)

(-109.5±5)

(-0.511±0.02)

-41.5±3

4173±958

0.944

-34.7±1

-0.345±0.007

(-30.5±3)

(924±947)

(0.995)

(-7.7±2)

(-0.254±0.007)

n-BuOH

1,2-DCBa
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TCE

Values without and with parentheses are for Am Sulf and SA, respectively. The uncertainty was
defined as one standard deviation from the mean. ∆Hdes and ΔSdes were calculated from equation 2
as ∆𝐻𝑑𝑒𝑠 = 𝑅 ∙ 𝑆𝑙𝑜𝑝𝑒 ∙ 10−3 and ∆𝑆𝑑𝑒𝑠 = 𝑅 ∙ 𝐼𝑛𝑡𝑒𝑟𝑐𝑒𝑝𝑡 ∙ 10−3, respectively, where R is the gas
coefficient. nc not calculated
* ΔHvap values were taken from the National Institute of Standards and Technology.(Chemical
Name Search, n.d.)

34.7±0.4

particles were 11,924 and 15,275, respectively. The enthalpy (ΔHdes) and entropy (ΔSdes)
of desorption were calculated using the following equation, ΔHdes = R × slope × 10-3 and
ΔSdes = R × intercept × 10-3, respectively. The estimated ΔHdes for TCE on Am Sulf aerosol
particles was 34.7 ± 1 kJ mol-1, which was ~ 4× higher than on SA 7.7 ± 2 kJ mol-1. Whereas
ΔHdes values for 1,2-DCB partitioning on Am Sulf aerosol particles were almost similar to
that on SA aerosol particles. Fitting the data to a line, 1,2-DCB yielded the highest r2
(0.993) compared to TCE and n-BuOH, in which the latter did not fit well to a line. For all
VOCs, ǀΔSdesǀ were < 1 kJ mol-1.
Nonlinear temperature dependence observed for n-BuOH may be attributed to the
interactions with the organic or inorganic aerosol particles or a different three-dimensional
structure of n-BuOH due to its interaction with the ‘bulk’ water leading to different
enthapies (Tanase et al., 2019). One possible explanation is observed from a computational
modeling study on n-BuOH/water adsorbing on zeolite composed of silica (DeJaco et al.,
2016), which resembles our experimental condition. In our experiment, we fixed RH at
35%, but absolute humidity increases with increasing temperature. DeJaco et al.
demonstrate an increasing number of water molecules form more hydrogen bonds with nBuOH, bridging two n-BuOH molecules (DeJaco et al., 2016). Such structures will interact
differently with the aerosol resulting in different enthalpies. However, additional
investigation is needed to determine if other moderately or strongly polar VOCs behave
similarly at this RH level and higher. In this case, the overall dimensionless partitioning
coefficient (Dp) can be expressed as

Dp =

∑ni=1 Cp
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i

Cg

(5.2)

where i is the number of distinct n-BuOH-water structures in the aerosol particle phase.
For simplicity, assuming only two different complexes of n-BuOH with water in the
aerosol particle phase (Cp1 and Cp2) as described above, we define Dp as
Dp =

CP1 + CP2
Cg

(5.3)

We assume that both complexes have different equilibrium constants,
CP1

k1 =

Cg

(5.4)

and
CP2

k2 =

Cg

(5.5)

Additionally, we assume that the conformations of n-BuOH in the aerosol particle
phase are in equilibrium and is defined by
k2, 1 =

CP2
CP1

(5.6)

Dividing the numerator and denominator of equation (5.3) by Cp1, and substitution
k1 and k2, 1 yield,
1 + k2, 1

Dp =

k-1
1

(5.7)

which is independent of k2. Since the equilibrium constants are defined by the Gibbs free
energy (ΔGn0), which incorporates the dependence of Dp with 1/T, equation (5.7) becomes

Dp =

-∆G0
2, 1 / RT

1+ e

0

e∆G1 / RT
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(5.8)

where R and T are the ideal gas constant and absolute temperature, respectively.
Taking the natural logarithm yields
0

ln Dp = ln ( 1+ e-∆G2, 1 / RT ) -

∆G01
RT

(5.9)

which can be expanded as a Taylor series (ESI) with a general form of
ln Dp =a+bx+cx2 + dx4 +ex6 …

(5.10)

where x = 1/T and a, b, c, d, e… are coefficients.
Since we only have four points, we fitted the data to a second-order approximation.
Fitting the data from n-BuOH improved the r2 from 0.875 to 0.980 for Am Sulf and from
0.883 to 0.937 for SA. Values of the fitting parameters a, b, and c are listed in Table 5.3.
To determine ΔHdes and ΔSdes, we took the first derivative with respect to x of equation
(5.11),
∂ lnDp
∂x

Since
∂ lnDp
∂x

∂ lnKp
∂

1
T

= b + 2cx ≅

=

∆Hdes

∆Hdes
R

R

= b + 2cx

(5.11)

is the slope in equation (5.1), we can approximate that

therefore,
∆Hdes ≅ R (b + 2c⁄T)

(5.12)

Combining equations (5.1), (5.11), and (5.12) yield
∆Sdes ≅ R ( a - c⁄ 2 )
T
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(5.13)

ΔHdes derived from equation (5.12) is only a good approximation if

∂ ∆Sdes(T)
∂ 1/T

is close to zero.

Equation (5.12) and (5.13) have been used to derive thermodynamic values for compounds
displaying nonlinear temperature dependence of van’t Hoff plots (Galaon & David, 2011).
The ΔHdes for n-BuOH partitioning on Am Sulf ranged from 16 to -149.9 kJ mol-1.
ΔHdes exhibited strong temperature dependence, increasing ~ 10× within a 30 oC/K
temperature interval for both aerosol composition. The gas-particle partioining on SA had
a slightly different ΔHdes than on Am Sulf aerosol particles. Similar to the ΔHdes, ΔSdes
exhibited temperature dependence. However, for both aerosol composition, ǀΔSdesǀ at all
temperatures were < 1 kJ mol-1. The ΔSdes values on both aerosol compositions were all
negative, ranging from -0.06 to -0.63 kJ mol-1. Error propagation is described in the ESI
(Table 5.4).
For the narrow temperature range used in the study, ΔHdes for n-BuOH partitioning
into Am Sulf aerosol particles can be approximated using ΔHdes (kJ mol-1) ~ 4.91T - 1370.
The ΔHdes for n-BuOH ranged from 12.4 to 144.2 kJ mol-1 on SA aerosol particles with
increasing temperature and followed the equation ΔHdes (kJ mol-1) ~ 3.90T - 1062. T is the
absolute temperature. The ratio of ΔHdes (Am Sulf:SA) partitioning on each type of aerosol
increased with increasing temperature, with the ratio being slightly above unity at 300K
(Figure 5.3). Also, ΔHdes exhibited a strong temperature dependence from 278 to 300K.
The minimum ratio occurred at the lowest temperature, ~278.15K (Figure 5.3).
Partitioning of the VOCs on SA was less endothermic than on Am Sulf aerosol
particles as the temperature increased. However, these values were more endothermic than
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Table 5.3 Fitting parameters for n-BuOH using a second-order polynomial.
Aerosol

a

b (×105)

c (×107)

r2

Am Sulf

-376 ± 45.7

2.03 ± 0.267

-2.85 ± 0.390

0.980

SA

-311 ± 91.9

1.64 ± 0.538

-2.26 ± 0.786

0.937

Experimental data was fitted to equation (6.2), 𝑙𝑛 𝐷𝑝 = 𝑎 + 𝑏𝑥 + 𝑐𝑥 2 , where 𝑥 = 1⁄𝑇
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Table 5.4 Temperature dependence of ΔHdes and ΔSdes for n-BuOH.
T, K

ΔHdes, Am Sulf

ΔSdes, Am Sulf

ΔHdes, SA

ΔSdes, SA

278.15

16.0 ± 0.6

0.0633 ± 0.002

12.4 ± 3

0.157 ± 0.03

288.15

43.1 ± 1.7

0.272 ± 0.009

59.3 ± 14

0.323 ± 0.06

298.15

98.2 ± 3.7

0.460 ± 0.015

103.0 ± 24

0.472 ± 0.09

308.15

149.9 ± 5.7

0.630 ± 0.020

144.0 ± 34

0.607 ± 0.12
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Using the fitting parameter in Table 5.4, ∆𝐻𝑑𝑒𝑠 and 𝛥𝑆𝑑𝑒𝑠 in kJ mol-1 were calculated as 𝛥𝐻𝑑𝑒𝑠 ≅
𝑅(𝑏 + 2𝑐⁄𝑇) × 10−3 and 𝛥𝑆𝑑𝑒𝑠 ≅ 𝑅 (𝑎 − 𝑐⁄𝑇 2 ) × 10−3 , respectively, where R is the gas coefficient. The factor
10-3 appears because of the conversion from J to kJ.

Figure 5.3 Temperature dependence of ΔHdes,for the partitioning of n-BuOH on Am Sulf
(red line) and SA aerosols (black line). The blue curve is the ratio of ΔHdes for the VOCs
partitioning in Am Sulf and SA aerosols. The green region is the calculated value within
the experimental temperature range and values on the blue region are the extrapolated
above 308K.
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the measured ΔHdes for more than 50 S/VOCs partitioning onto atmospheric aerosols. The
majority of the ΔHdes ranged from 40 to 70 kJ mol-1 (Arp et al., 2008b) for aerosols obtained
from diverse environments. Sorption of the VOCs into both types of aerosol were both
favorable as deemed from their higher endothermic ΔHdes compared to some SVOCs that
partitioned into atmospheric aerosols (Arp et al., 2008b). The calculated values for the
amount of VOCs were larger than those reported for a select class of VOCs measured from
urban aerosols. VOCs associate with fine particles (dp < 2.5 µm) (Matsumoto et al., 2010;
Odabasi et al., 2005). Matsumoto and colleagues showed that the aerosol’s VOC loading
depends strongly on the aerosol mass than the VOCs’ gas-phase concentration (Odabasi et
al., 2005; Matsumoto et al., 2010). Measurement of the Kp values for VOCs remained scant.
The limited study that measured them was acquired from field sampling that is susceptible
to dynamic and static factors (e.g., wind speed, RH, temperature, sampling artifacts, nonequilibrium conditions, etc.) confounding the measured gas-particle coefficients’ accuracy
(Wang et al., 2014; Kristensen et al., 2016).
On Am Sulf aerosol particles, TCE matched the ΔHvap (34.7 ± 0.4 kJ mol-1) closely
with ΔHdes (34.7 ± 1 kJ mol-1). The excellent agreement between the ΔHdes obtained from
our experimental data and the ΔHvap obtained from the National Institute of Standards and
Technology (NIST) for TCE on Am Sulf demonstrates that our experimental system was
accurate. Arp and collegues have recommended using the enthalpy of vaporization (ΔHvap)
for estimating Kp since the average values of the ΔHvap and ΔHdes are close (Arp et al.,
2008b). However, this recommendation cannot be generalized and may only apply to
weakly polar compounds. For 1,2-DCB, there is a substantial difference between these
parameters. Even more so for n-BuOH; ΔHdes exhibited a nonlinear temperature
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dependence on organic and inorganic aerosols as depicted in Figure 5.1 and 5.2. We expect
these differences to be larger for complex aerosols relative to the simple model aerosols
used in this study.
Although the typical RH range at the lower troposphere is ~ 70–80% (Ruzmaikin
et al., 2014), we determined the temperature dependence at RH ~ 35%, since, in our earlier
study (Ahn, Rao, & Vejerano, 2021a), the VOC’s mass fractions above this RH were not
significantly different. Additionally, the state of Am Sulf aerosol particles was most likely
a crystalline solid since ammonium sulfate effloresces at ~ 35–40% RH (Ciobanu et al.,
2010). However, at RH ~ 35%, the absolute humidity approximately doubles for each 10
°C/K rise in temperature. The absolute humidity is ~ 8× at 308.15K relative to that at
278.15K. At this condition, the aerosol can transform into a supersaturated liquid
electrolyte solution depending on the aerosol’s inorganic components. Although, for SA
and Am Sulf aerosol particles, such a state is less likely because of their high deliquescence
RH. At 298.15K, small SA (< 100 nm) and Am Sulf aerosol particles deliquesce only at
RH of ~ 99% (Bilde & Svenningsson, 2004) and ~ 82% (Brooks et al., 2002), respectively,
because of the Kelvin effect. Therefore, the aerosol particle’s state will most likely be a
crystalline solid at RH ~ 70%. Additionally, dry SA aerosol particles are less hygroscopic
compared to Am Sulf aerosol particles. For Am Sulf aerosol particles (Goss &
Schwarzenbach, 1999), water molecules will cover the particle’s active sites, thus compete
with the VOC for adsorption.
Ammonium sulfate and SA aerosol particles more likely exist as crystalline solids
at an RH lower than the deliquescence RH. If only a monolayer of water molecules on the
surface of particles, there may be competition for active sites, and partitioning is driven by
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adsorption. Equation (5.14) depicted the adsorptive part of the saturated vapor pressure
(Pi0) model described by Pankow (Pankow, 1987).

Kp =

Ns aTSP T e(Ql -Qv )RT
16 P0i

(5.14)

where Pi0 is the vaper pressure of compound i, R is the gas constant (8.314 × 10-3 kJ mol-1
K-1), T (K) is the absolute temperature, Ns (mol cm-2) is the surface concentration of
sorption sites, aTSP (cm2 µg-1) is the specific surface area for the TSP; Qs (kJ mol-1) is the
enthalpy for desorption of compound i from the adsorbing solid surface (always positive),
Qv (kJ mol-1) is the enthalpy for vaporization of compound i as a liquid (always positive).
If significant layers of water cover the particle’s surface, or if the particles consist of a
supersaturated liquid electrolyte solution, particularly at higher RH level, then the
partitioning mechanism will be absorptive as described by equation (5.15),

Kp =

760 fi RT
6

10 MWi ζi P0i

(5.15)

where fi is the inorganic/organic fraction of the aerosol particle, ζi is the activity coefficient
of compound i in inorganic/organic matter fraction, MWi (g mol-1) is the molecular weight
of inorganic/organic matter, Pi0 is the vapor pressure of compound i, R is the gas constant
(8.314 × 10-3 kJ mol-1 K-1) and T (K) is the absolute temperature. Although we
experimented with only one TSP level, Kp will increase linearly with TSP (aTSP) due to the
increasing number of active sites (Ns). Hygroscopic aerosol particles such as ammonium
sulfate are likely to be covered by a thicker water layer. At lower RH and temperature, we
attribute the high Kp to the aerosol’s higher active surface sites (Goss & Schwarzenbach,
1999) because of less competition with water molecules due to their low concentration. For
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an aerosol consisting of multiphase systems, the hydrophobic phase may provide a large
partitioning matrix for a VOC.
Partitioning is not only affected by the VOC’s nature (e.g., solubility and polarity).
Aerosol-specific properties, which are dependent on the components contained in them,
will also modulate VOC partitioning. The ad/absorptive partitioning will depend on
whether the process occurs onto or into solid, or (aqueous) organic or inorganic solution
phases, and the composition of those phases or phase transitions as a function of
temperature and aerosol composition. In this study, we generated aerosols consisting only
of a single solute. Ambient atmospheric aerosols contain multiple components that form
multiphase systems depending on environmental conditions, more importantly, RH.
Aerosol consisting of an equimolar amount of ammonium sulfate and nitrate drastically
deliquesces at a lower RH (63.6%) (Tang & Munkelwitz, 1993; Wu et al., 2019); therefore,
will affect VOC partitioning differently from a model aerosol consisting of one solute.
Phase separations have been known to correlate well with the O : C ratio (Dallemagne et
al., 2016; You et al., 2012, 2014). Aerosols containing ammonium sulfate and less-oxidized
organic components (O : C < 0.5) undergo phase separation (You et al., 2012), whereas
aerosols with O : C > 0.8 (relatively more oxidized) do not (You et al., 2012). These types
of aerosol are good models to investigate the effect of phase separation on partitioning.
Phase separation can result in aerosols with different morphologies: homogeneous,
core-shell, partially engulfed, or structures containing multiple inclusions (Freedman,
2017; Dallemagne et al., 2016). Depending on the dominant morphology, sorption of
VOCs will result in significantly different gas/particle enthalpies due to differences in the
VOC’s interaction with phase-separated components. Modeling studies should not neglect
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the contribution of slightly water-soluble organic fraction of aerosols to overall VOC
partitioning to prevent underestimating the Kp of VOCs (Ahn, Rao, & Vejerano, 2021a).
Since we used a simple aerosol model, the observed Kp and partitioning behavior should
be carefully interpreted when applying them to complex aerosols to prevent misattribution
to VOC-specific properties alone. Future studies should incorporate a more complex model
aerosol to determine partitioning enthalpies due to combined aerosol- and VOC-specific
properties and behaviors.
For a weakly polar organic (TCE), Kp varied linearly with the inverse of the
absolute temperature. In contrast, n-BuOH, a moderately polar compound, followed a
Langmuir-type behavior. Our results differed from those of Matsumoto and colleagues that
concluded that the VOCs’ gas-particle partitioning did not exhibit temperature dependence
(Matsumoto et al., 2010). In their study, the Kps were very weakly and negatively correlated
with ambient temperature and RH (Matsumoto et al., 2010). The reason for their conclusion
is that they measured primarily nonpolar and weakly polar VOCs. Therefore, their finding
should not be generalized because it appears that the VOC’s polarity affects temperature
dependence. One reason for this non-sensitivity is the inherent limitation of the field
sampling technique; environmental factors such as temperature and RH cannot be
controlled compared to the precise modulation in a laboratory setting.
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CHAPTER 6
DEPENDENCE ON HUMIDITY AND AEROSOL COMPOSITION OF
THE GAS-PARTICLE PARTITIONING OF WEAKLY AND
MODERATELY POLAR VOCS4
6.1 Effect of RH on Kp of weakly polar and strongly polar VOCs
Figure 6.1 depicts the dependence of Kp with RH at a constant temperature of 25°C
for TCE and n-BuOH partitioning onto Am Sulf aerosols. The trendlines for the Kp values
for both organics decreased with increasing RH levels. For Am Sulf aerosol, the Kp for
both n-BuOH and TCE were highest at a low RH and declined continuously at higher RH
levels. The Kp values at an RH of ~ 40% decreased sharply for Am Sulf aerosol. These
behaviors were similar to that of 1,2-DCB. However, compared to 1,2-DCB partitioning
onto the same aerosol, the decline in Kp with RH was more gradual (Figure 6.1). Compared
to TCE and 1,2-DCB, the Kp values were higher for n-BuOH, suggesting that it
preferentially sorbed onto Am Sulf aerosols.
Figure 6.2 depicts the dependence of Kp with RH at a constant temperature of 25°C
for TCE and n-BuOH partitioning onto SA aerosols. Compared to the partitioning of these

4

Reprinted here with permission of publisher: Jeonghyeon Ahn et al., Dependence on
humidity and aerosol composition of the gas-particle partitioning of weakly and
moderately polar VOCs. Aerosol and Air Quality Research In Press
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Figure 6.1 The Kp of (a) TCE, (b) n-BuOH, and (c) 1,2-DCB (Ahn, Rao, & Vejerano, 2021a) partitioning into Am Sulf
aerosol at 25°C at different RHs. Error bars are one standard deviation from the mean, which were taken from triplicate
measurements.
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Figure 6.2 The Kp of (a) TCE, (b) n-BuOH, and (c) 1,2-DCB (Ahn, Rao, & Vejerano, 2021a) partitioning into SA aerosol
at 25°C. Error bars are one standard deviation from the mean, which were taken from triplicate measurements. Solid lines
are not fit but were drawn as a guide only.

organic onto Am Sulf aerosols, the Kp decline slowly with increasing RH levels. At all RH
levels, the Kp varied only within an interval of ~ 5 × 10-13 for TCE (Figure 6.2a) and ~ 10
× 10-13 for 1,2-DCB. The most extensive interval range was for n-BuOH, which fluctuated
by an interval of ~ 20 × 10-13. However, compared to 1,2-DCB partitioning onto the same
aerosol composition, Kp’s decline with RH was more gradual. The Kps for n-BuOH were
higher than those for TCE and 1,2-DCB (Figure 6.1 and 6.2), consistent with their observed
behavior on Am Sulf, suggesting preferential sorption.
Overall, the Kps for the three VOCs partitioning into Am Sulf aerosol were higher
than those onto SA aerosol. In general, the Kp for TCE, n-BuOH, and 1,2-DCB partitioning
onto Am Sulf aerosols were ~ 5×, ~ 10×, and ~ 600× higher than onto SA aerosols. As the
Kp of Am Sulf aerosol were 1.36 × 10-13 to 3.96 × 10-12 for TCE and 1.57 × 10-8 to 1.19 ×
10-6 for n-BuOH, the Kp of n-BuOH was four orders of magnitude higher than those for
TCE. For the partitioning onto SA aerosols, the Kp were 4.45 × 10-13 to 8.99 × 10-13 for
TCE and 4.80 × 10-8 to 1.78 × 10-7 for n-BuOH. The Kp of n-BuOH was five orders of
magnitude higher than those of TCE.
6.2 Evolution in aerosol properties at different RH levels
We monitored changes in the properties of Am Sulf and SA aerosols for ~ 8 h at
different RH levels (Figure. 6.3). The particle median diameter appeared to be less affected
by RH even at higher RH levels. The particle size of SA aerosols was slightly larger than
those of Am Sulf aerosol; average particle median diameter was 95 ± 7 nm for Am Sulf
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Figure 6.3 Time-evolution of the particle size, particle number concentration, and TSP of
Am Sulf and SA aerosols for 8 hours at different RH levels.
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aerosol and 108 ± 12 nm for SA aerosol. For both aerosols, we observed that the TSP and
particle number concentration fluctuated more at an RH of ~ 85% but were stable at lower
RH during the 8-h monitoring. The particle number concentrations for Am Sulf aerosol
were 5.37 × 106 cm-3 at an RH of 5% RH, 5.65 × 106 cm-3 at 35% RH, 5.48 × 106 cm-3 at
65% RH, and 5.52 × 106 cm-3 at 85% RH. Although the particle number concentration as
depicted in Figure 6.3 fluctuated the concentration remained within 106 cm-3, except at an
RH of 85%, which increased by an order of magnitude. Particle number concentrations of
SA aerosol were 5.56 × 106 cm-3, 6.24 × 106 cm-3, 5.86 × 106 cm-3, and 9.90 × 106 cm-3 at
RH levels of 5%, 35%, 65%, and 85%, respectively. At an RH of 85%, the particle number
concentration for Am Sulf aerosol fluctuated intensely but had stabilized after 4 h and
resulted to higher TSP compared to those at lower RH levels. At similar RH level, the
particle number concentration for SA aerosol also fluctuated for 4 h, but the TSPs were
within a similar level to those measured at lower RH levels. Higher fluctuations in TSP
only occurred for Am Sulf aerosol. We did not observe intense fluctuations of the TSP for
SA aerosol. The TSPs measured by the SMPS were at similar levels for Am Sulf and SA
aerosols, which were 1,930 ± 461 and 1,952 ± 715 µg m-3, respectively. Note that the high
uncertainty was due to the strong fluctuations at an RH of ~ 85%. TSP and particle number
concentration became slightly larger during the 8-h measurement at all RH levels.
6.3 Partitioning mechanism
Although the mass fraction of VOCs that partitions into aerosols is less compared
to SVOCs, VOCs dominate the class of atmospheric and indoor pollutants. Therefore, some
highly abundant VOC can reach concentration levels comparable to SVOCs with very low
abundance (Hamilton et al., 2004; Odabasi et al., 2005; Matsumoto et al., 2010). This
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companion paper described our measurement of the partitioning coefficient for TCE and
n-BuOH under different RH levels and aerosol composition. We compared them with our
earlier studies on 1,2-DCB (Ahn, Rao, & Vejerano, 2021a). The Kp values for TCE and nBuOH were at similar ranges to those measured for different aerosols sampled from diverse
sources (Arp et al., 2008a) and were at similar orders to that of 1,2-DCB (Ahn, Rao, &
Vejerano, 2021a). Overall, results showed that: (1) VOC partitioning onto Am Sulf was
higher than onto SA aerosols; (2) partitioning on SA was affected less at all RH levels,
whereas partitioning onto Am Sulf was affected only at low RH level.
Gas-particle partitioning of organics can proceed via absorption (i.e., diffusion into
the bulk of the aerosol) and adsorption (i.e., interacts with the active surface sites) (Pankow,
1994). Although the dominant partitioning mechanisms are unclear, it is well known that
environmental conditions (Goss & Schwarzenbach, 1998), more importantly, RH and
temperature, and aerosol composition modulate these processes. However, the effects of
RH are tightly coupled with the surface chemistry of the particles (Sobanska et al., 2015).
In general, partitioning of the VOCs onto Am Sulf was likely via adsorption at an RH <
40%, whereas above this RH, the partitioning was more plausibly via absorption. VOC
partitioning onto SA aerosols appears to proceed via adsorption at all RH levels, perhaps
except at saturated RH since dried SA aerosol only deliquesces at an RH ~ 99% (Bilde &
Svenningsson, 2004). Our earlier paper described the effects of temperature (5 to 35°C) for
the partitioning of TCE and n-BuOH (Ahn, Rao, & Vejerano, 2021b). Partitioning of TCE
is independent of temperature as deemed from the constant enthalpy of desorption
consistent with the classic van’t Hoff relationship (ln Kp vs. 1/T). However, partitioning of
n-BuOH strongly depends on temperature, resulting in a non-linear behavior (Ahn, Rao,
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& Vejerano, 2021b). At a constant RH, but increasing temperature, absolute humidity
increases; under such conditions, n-BuOH forms various complexes with water (DeJaco et
al. 2016) with different desorption enthalpy (Ahn, Rao, & Vejerano, 2021b).
6.4 Effect of RH
Although the fit uses at most four data points, similar to that for 1,2-DCB (Ahn,
Rao, & Vejerano, 2021a), the partitioning of TCE and n-BuOH onto Am Sulf aerosol
followed an exponential relationship between Kp and RH in which ln Kp = – C × RH + E,
where C and E are VOC- and aerosol-specific constants) (Goss, 1992; Goss & Eisenreich,
1997). For the three VOCs we studied, regardless of the polarity, RH has a negligible
impact above 50%, consistent with those reported in the literature (Cotham & Bidleman,
1992a; Arp et al., 2008a; Jathar et al., 2016). The results for TCE and n-BuOH, and that
with our previous study with 1,2-DCB, suggest that aerosol-specific properties strongly
affect partitioning behavior than do VOC-specific properties. The overall Kp values of TCE
and n-BuOH decreased as the RH increased for organic and inorganic aerosols at 25°C.
However, sorption of the VOCs onto SA aerosol regardless of their polarity did not fit the
exponential dependence of Kp with RH. This result suggests that partitioning behavior is
driven more by aerosol-specific properties than do the VOCs’ properties; under such a
mechanism, it appears that the VOC’s polarity has less impact on partitioning.
6.5 Effect of water uptake
Absorption of water has a considerable impact on partitioning. At high RH, water
vapor can compete with the adsorption sites on the aerosol. At RH levels of 50 to 70%, the
liquid water content of atmospheric aerosols accounts for ~ 10% of the total particulate
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mass and increases significantly at RH > 70% (Pilinis et al., 1989; Thibodeaux et al., 1991).
For instance, organic-phase water can increase the aerosol mass, providing a larger
absorbing matrix for organics (Jathar et al., 2016). Am Sulf particles deliquesce at high RH
(~ 82%) (Brooks et al., 2002) and highly hygroscopic. Still, even under low RH, uptake of
water can cover active sites on aerosol, which will decrease the mass fraction of adsorbed
organics onto the aerosol. On Am Sulf aerosol, partitioning is dominated primarily by the
aerosol’s higher active surface sites at low RH (adsorption) (Goss & Schwarzenbach,
1999). On SA, water covering the active sites was less pronounced because SA is less
hygroscopic than Am Sulf. Therefore, the number of active sites remained almost constant,
which may explain the slow decline in Kp (Figure 6.2(b)) as the RH increased. For SA
aerosols, the dissolution of the VOCs in the aerosols water was not likely the mechanism
because SA deliquesces at a high RH (Bilde & Svenningsson, 2004). SA droplets do not
deliquesce even at 90% RH as deemed from a single-droplet study at 25°C (Peng et al.,
2001). Smaller particles of SA have a higher DRH of 99% (Bilde & Svenningsson, 2004).
Moreover, the growth factor of SA (RH of 10% and 90%) was ~ 1, suggesting that they are
not hygroscopic within this RH range (Peng et al., 2001). Therefore, below saturated RH,
dry SA aerosol introduced into the chamber was not expected to grow. However, in Figure
6.3, we observed a slight change in the particle median diameter as the RH increased
(Hämeri et al., 2000). It is known that small soluble and insoluble particles increase in size
well below the DRH because of the adsorption of water onto their surfaces (Hämeri et al.,
2000). The lesser effect of RH on the Kp of the VOCs partitioning onto SA is consistent
with these observations. For small Am Sulf particles, DRH is influenced by two effects.
First, the solubility of a crystal increases as its size decreases, lowering the DRH. Particles
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smaller than 100 nm have a DRH of 79.9% (Tang & Munkelwitz, 1993). Even submicron
particles of pure AS have a DRH = 80.7 ± 0.2% (Laskina et al., 2015; Q. Liu et al., 2016;
X. Wang et al., 2017). Small SA particles < 200 nm require overcoming an energy barrier
to uptake water (Brooks et al., 2002; Wex et al., 2007). Second, when the particles
deliquesce, water vapor pressure increases, increasing the DRH (Hämeri et al., 2000).
Aerosols consisting of mixed components have significantly different DRH than aerosol
consisting of single solute, such as this study. Aerosol consisting of a mixture of salts
effloresces at 15–40% RH, crystalizes simultaneously, and deliquesces at 63.6% (Tang &
Munkelwitz, 1993; Wu et al., 2019). Thus, for a mixed aerosol, the partitioning behavior
will differ from an aerosol consisting of one solute.
6.6 Effect of the VOC’s physicochemical properties
As we observed that moderately polar, weakly polar, and nonpolar aromatic VOCs have
similar behavior on Am Sulf aerosols as shown by their trendlines in Figure 6.1. However,
the nature of the organics (for instance, polarity and solubility) dictates the VOC’s mass
fraction that will sorb onto aerosols. Below the DRH, aerosol can absorb sufficient amount
of water. Hence, to some extent, the surface is covered with water layers, in which the
VOCs can dissolve. At higher RHs (≥ 35%), the VOCs partitioned onto Am Sulf by
dissolving into the aqueous phase. The amount of the VOCs that partitioned into the
aerosols was inconsistent with the trend in water solubility of the VOCs. Although to some
extent, compounds with high water solubility such as n-BuOH (66× higher than TCE) had
a higher mass fraction partitioned onto both aerosols. However, solubility alone does not
dictate mass transfer of a VOC onto aerosols. The solubility of the 1,2-DCB, TCE, and nBuOH at 25°C were 1.56, 11.8, and 680 wt%, respectively. Whereas, in general, the Kp of
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1,2-DCB, TCE, and n-BuOH at 25°C were on the order of 10-11, 10-13, and 10-8, respectively
(He et al., 2010). The saturated vapor pressure, dimensionless Henry’s law constant (HL),
and octanol-air partition coefficient (Koa) (Table 6.1) of the VOCs did not result in a
consistent trend with Kp. For VOCs, Koa is not applicable compared to their use for
predicting Kp of SVOCs. The relationship of Kp with increasing RH (i.e., being
exponential) is identical for the three VOCs regardless of their polarity. However, at a
similar RH level, the mass fraction that will sorb onto the aerosol is to some extent
influenced by the VOC’s polarity and their capacity to interact with the aerosols’ active
sites.
6.7 VOC/aerosol interactions
In general, for both aerosols, we ascribed the larger Kp at an RH ~ 10%, to Van der
Waals interaction between the VOC and the aerosols’ surface. TCE, a weakly polar
compound, interacts strongly with the surface of Am Sulf aerosols via Van der Waal’s
interaction (Schwarzenbach et al., 2016), as deemed from the higher partitioning constant
compared to those of SA aerosol. We observed a similar behavior with the other two VOCs
as well. For real atmospheric aerosol consisting of hydrophobic components, this
observation is applicable since nonpolar and weakly polar VOCs are less affected at RH
levels of 50–90% because they preferentially partition into that phase (Cotham &
Bidleman, 1992b; Jathar et al., 2016). At low RH, TCE interacts with molecular layers of
water (Goss & Schwarzenbach, 1999), on the surface of Am Sulf aerosol via Van der
Waal’s interaction. Despite the relatively higher solubility of TCE in water to that of 1,2DCB, the levels were similar because TCE is weakly polar and can interact with the water
in the aerosols better by Van der Waals interaction. However, between the two types of
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Table 6.1 Experimental and selected literature physicochemical properties of the VOCs.
VOC

Experimental
log Kp

Solubility (wt%)

Vapor Pressure
(Torr)
1.36

Dimensionless
Henry’s Law
Constant (HL)
7.8 × 10-2

Octanol-air
Partition
Coefficient (Koa)
4.36

1,2-DCB

-11

1.56

TCE

-13

11.2

69

4.2 × 10-1

2.99

n-BuOH

-8

680

7

3.6 × 10-4

4.19

Data were taken from the National Institute of Standards and Technology except the experimental log Kp
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aerosols, Van der Waals interaction of TCE with SA aerosol is weaker compared with Am
Sulf aerosol.
The faster decline in the Kp values even at a lower RH for Am Sulf is due to water
film (Goss & Schwarzenbach, 1999) covering the aerosol. Once the aerosol is covered with
water the number of active sites available for the adsorption of the VOCs is reduced. At
high RH, water solvates and ionizes Am Sulf aerosol. Dissolved ions interacted strongly
with water, which reduced VOC uptake onto Am Sulf aerosol. The small mass fraction that
partitioned onto the aerosol occurred via dissolution, the extent of which depends on the
VOC’s properties. However, deactivation of these sites due to water was less intense for
SA aerosol since they deliquesce only at saturated RH. Moreover, SA aerosol is less
hygroscopic than Am Sulf aerosol. Thus, at almost all RH levels, the partitioning of TCE
and n-BuOH on SA primarily occurred via adsorption on the aerosol surface via Van der
Waals interactions (Goss, 1993b; Schwarzenbach et al., 2016). Of the three VOCs, nBuOH had the highest Kp. This behavior is expected since n-BuOH can form a strong
hydrogen bond with the adsorbed molecular water layer on Am Sulf or SA aerosols and
with the carboxyl groups in SA. At high RH, water vapor competes strongly with n-BuOH
for the available sorption sites on the aerosol particle surface resulting in a slight decline
in Kp.
Since we used a simple model aerosol, the interaction does not account for the
complexity of aerosol systems. Ambient atmospheric aerosols contain multiple
components that are susceptible to phase separate depending on the condition—more
importantly—RH. Phase separation can induce the aerosol to form various structures
(Freedman 2017, 2020; You et al. 2012). The formation of such structures and multiphase
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systems may interact with VOC differently. Hence, a model aerosol we used in this
experiment will substantially exhibit drastically different partitioning behavior.
Only limited studies have assessed the health impacts of aerosol-bound VOCs,
partly because of the limited data on their partitioning. VOCs' contribution in aerosols is
often excluded in inhalation exposure assessment because it is assumed that their amount
in aerosol particles is negligible. However, aerosol- and VOC-specific properties and
environmental conditions affect partitioning. Thus, chronic exposure to aerosol-bound
VOCs may be a significant concern depending on the VOC type and the prevailing
environmental condition (e.g., RH, temperature, etc.). For example, formaldehyde is more
polar and water-soluble despite being highly volatile relative to the VOCs we investigated
in this study. Such a VOC class may amplify our inhalation risk because of the high mass
partitioning onto aerosol particles. Our experimentally derived Kp, when coupled with
particulate matter (PM) concentration data in cities worldwide and the PM fractions
deposited into the different regions of the respiratory system, can be used to calculate the
regional mass deposition for some VOCs. These data can be used for assessing risk and
improve our knowledge of the human health impacts of aerosol-bound VOCs.
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CHAPTER 7
RESPIRATORY DEPOSITION OF AEROSOL-BOUND VOCS USING
EXPERIMENTALLY DERIVED GAS-PARTICLE PARTITION
COEFFICIENT5
7.1 PM2.5 concentrations in Seoul and other countries
For the TSP, we used PM2.5 data from Seoul and other countries in the calculation.
Seoul is a dense metropolitan city in Korea with a complex urban environment, heavy
traffic, high demand for public transportation, high population density, and an increasing
portion of urbanized and built areas, especially in Seoul’s center point (Eum et al., 2015).
Recently, in South Korea, the concentration of particulate matter has become severe; the
annual mean concentration of PM2.5 in 2019 was 22.8 µg m-3, and the highest concentration
was 149 µg m-3 (March 5th, 2019) at the center point of Seoul (Korea Environment
Corporation, 2019) According to national trends from EPA monitoring 649 sites
throughout the US, the concentration of PM2.5 was 8.66 µg m-3 on average in 2010–2018
(US EPA, 2016). For comparison, we selected two countries, Nepal and Niger, with the
highest concentration of PM2.5. Their PM2.5 concentrations were 100 µg m-3 and 94 µg m3

in 2017, respectively (World Development Indicators) Moreover, the PM2.5

5

Reprinted here with permission of publisher: Ahn et al., Respiratory deposition of
aerosol-bound VOCs using experimentally derived gas-particle partition coefficient. Air
Quality, Atmosphere & Health Research Under review
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concentrations in 2019 (World’s Most Polluted Cities in 2020 - PM2.5 Ranking | AirVisual)
was 98.6 µg m-3 in Delhi, India; 89.5 µg m-3 in Lahore, Pakistan; 18.2 µg m-3 in Metro
Manila, Philippines; and 42.1 µg m-3 in Beijing, China (Table 7.1). In addition, we
estimated VOC deposition by applying the average global PM2.5 concentration (~ 46 µg m3

) in 2017 (World Development Indicators). These concentrations exceed the annual mean

standard set by the World Health Organization (WHO, 10 µg m-3), Environmental
Protection Agency (EPA, 12 µg m-3), and the Korea Ministry of Health (15 µg m-3). We
assumed that the Kp derived for particles with a median diameter of 77 nm applied to larger
sizes; therefore, we used them for PM2.5 to calculate the regional deposition of VOCs from
cities worldwide.
7.2 Aerosol deposition from modeling by Strum
We used the deposition of ultrafine particles derived from a modeling study in the
literature (Sturm, 2020). The modeling study by Sturm considered: (1) the effect of
stochastic morphology of the respiratory system (airway length, diameter, branching
angle); (2) inhaled particles are randomly transported into specific structures; and (3) the
effect of various particle deposition mechanisms (diffusion, inertial impaction,
interception, and sedimentation) (Sturm, 2020). We used this model since: (1) it considers
the intrapulmonary transport and deposition behavior of the particles in children and adults,
(2) it uses the current knowledge on particle aerodynamics in the respiratory system; (3) it
simulates regional and local deposition scenarios (Sturm, 2020).
Loading of the particle considers intrasubject variability of the airway geometry
due to age differences resulting in differing breathing physiologies (Sturm, 2020). Here,
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Table 7.1 The PM2.5 concentration of cities.
PM2.5 concentration (µg m-3)
Seoul, Korea (2019)

22.8

Delhi, India (2019)

98.6

Seoul, Korea (highest, 2019)

149

Lahore, Pakistan (2019)

89.5

US (2010-2018)

8.66

Metro Manila, Philippines (2019)

18.2

Nepal (2017)

100

Beijing, China (2019)

42.1

Niger (2017)

94

Global (2017)

46
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we summarized the key assumptions and conditions used in the modeling by Sturm. The
detail is described elsewhere (Sturm, 2020). The breathing condition is simulated while
sitting, and particles are inhaled through the nose in the modeling. A variable particle size
with a unit density of 1.0 g cm−3 was assumed. The modeling assumes that an adult
respiratory tract has a mean functional residual capacity of 3,300 cm3 and a tidal volume
of 750 cm3. The length of a breath cycle was 4.2 s with a breath-hold of 1.0 s. Modeling
was performed for 5-, 10- and 15-year (5-Y, 10-Y, and 15-Y) old children and adults
considering their appropriate physiological data (Table 7.2). For the volume of air inhaled
in 24 h, we used these values of breathing parameters. For this paper, we adopted the results
for only the size range of 100 nm as this is the closest size for the size range of the data in
which we obtained the experimental Kp. Although we used the PM2.5 concentration for the
data depicted in Figures 1, 2, and 3, we only considered the fraction of PM0.1 deposited into
the lungs as determined by Sturm since our data on Kp was obtained for a particle median
diameter of 77 nm.
7.3 Aerosol deposition calculated from the ICRP model
We estimate the contribution of the mass fraction of VOCs entering the human
body as transported by aerosols using the simplified and those calculated from the
International Commission on Radiological Protection (ICRP) model (Hinds, 1999). In this
estimation, we calculated particle deposition based on PM2.5 and PM0.1. The ICRP model
calculates the inhalable fraction (IF) and deposition fraction (DF) for each region. We used
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Table 7.2 Physiological breathing parameter used for determining the volume of air
inhaled and for modeling particle deposition.
Age
Parameter

5-Y

10-Y

15-Y

Adult

Functional residual capacity (cm3)

757

1230

2650

3300

Tidal volume (cm3)

244

456

625

750

Breathing cycle (s)

2

2.5

3.2

4.2
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the following equations:
1

IF = 1 − 0.5 (1 − 1 + 0.00076 d 2.8 )

(7.1)

p

where dp is particle size in µm. The deposition fraction for the nasopharyngeal and
laryngeal region (DFNPL) is:
1

DFNPL = IF ( 1 + exp(6.84 + 1.183 ln d ) +
p

1
1 + exp (0.924 − 1.885 ln dp

)

(7.2)

The deposition fraction for the tracheobronchial region (DFTB) is:
0.00352
) [exp(-0.234 (ln dp +
dp

DFTB = (

3.40)2) + 63.9 exp(-0.819 (ln dp − 1.61)2)]

(7.3)

The deposition fraction for the alveolar region (DFAL) is:
0.0155
) [exp(-0.416
dp

DFAL = (

(ln dp+2.84)2) + 19.11 exp(-0.482 (ln dp - 1.362)2)]

(7.4)

A summary of the deposition calculated from the ICRP model and Sturm’s work is
depicted in Table 7.3. The ICRP model is not age-resolved; therefore, we used the
breathing parameters for an adult in Table 7.2. PM2.5 has an IF of 0.995. The DF values for
each region were 68.8% (DFHA), 6.07% (DFTB), and 10.8% (DFAL). PM2.5 was deposited
primarily to the head (nasopharyngeal laryngeal) region, while only 7% was deposited in
the tracheobronchial region. PM0.1 had the highest deposition in the alveolar region based
on the ICRP model, which was twice larger than Sturm’s model for an adult.
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Table 7.3 Deposition of PM0.1 in the three regions of the respiratory system.
ICRP
Region

PM deposition by age (%)*

Adult

5-Y

10-Y

15-Y

Adult

Nasopharyngeal laryngeal

2.1 / 68.8a

11

10

9

10

Tracheobronchial

2.66 / 6.07a

6.5

12

13.5

13.6

Alveolar

14.2 / 10.8a

1

3

3.8

6.6

19 / 86.7a

18.5

25

26.3

30.2

Total deposition
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*Estimated from Strum (Sturm 2020)
The ICRP model is not resolved by age.
PM2.5 was used for calculating deposition using the ICRP model, whereas we used the data for the particle deposition for PM0.1
from Strum
a
Regional and total deposition for PM2.5

7.4 Calculation of the VOC mass deposited
The VOC mass (mVOC, pg) deposited into the respiratory system was calculated
using equation (7.5).
m VOC (pg)= Cp ×Vt, air × f𝑃𝑀 × f𝑟𝑑 × 106

(7.5)

where Cp (µg m-3) is the concentration of the VOC in the aerosol, which was calculated
using equation (1.1). Vt,air (m3) is the total volume of air inhaled in 24 h using the data in
Table 7.2. The ICRP model does not consider differences in geometry of the airway due to
age. Therefore, in calculating the volume of air, we assume the breathing parameters of an
adult. f𝑃𝑀 is the mass fraction of PM0.1 in PM2.5, which we assume to be 0.01. f𝑟𝑑 is the
regional particle deposition taken from Sturm or calculated using the ICRP model (Table
7.3). Cg (µg m-3) was calculated using equation (7.6).
Cg =

pMvoc
RT

Mr

(7.6)

where p (Pa) is the pressure, MVOC is the VOC’s molar mass (g mol-1), T (K) the
temperature, R is the ideal gas constant (8.314 J mol-1 K-1), and Mr is the VOC mixing ratio
(ppm). We used 0.5 ppm for each VOC in the calculation. We calculated the gas-phase
VOC concentration at 5, 25, and 35°C. We assume that the VOC in aerosol is in equilibrium
with that in the gas phase during inhalation and transport to regions of the respiratory
system.
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7.5 VOC deposition as a function of aerosol composition and VOC type
VOC depositions depend on the Kps that depend on the aerosol composition, VOC
type, and environmental factors. At TSP of ~ 50 µg m-3, the deposited masses of n-BuOH
ranged from 0.10 pg (Am Sulf at 35°C) to 580 pg (SA at 5°C) (Figure 7.1). The deposited
masses of 1,2-DCB at 50 µg m-3 of TSP ranged from 0.004 pg (Am Sulf at 35°C) to 45 pg
(SA at 5°C) (Figure 7.2). Those of TCE were from 3.6 × 10-6 pg (SA at 35°C) to 0.40 pg
(SA at 5°C) (Figure 7.3). The deposited masses of n-BuOH were comparable to that of 1,2DCB partitioning in SA at 5°C but were ~ 10 orders of magnitude higher than that of TCE
partitioning in SA at 35°C. For the partitioning into Am Sulf, their difference was seven
orders of magnitude compared n-BuOH at 5°C to TCE at 35°C. The ratio of the mass
deposited in the body from Am Sulf to those from SA ranged from 0.0043 (1,2-DCB at
5°C) to 34.5 (TCE at 35°C). Except for n-BuOH and TCE at 35°C, SA aerosol contained
more VOCs than Am Sulf aerosol into the respiratory system.
7.6 VOC deposition by models
The total deposited mass calculated using the ICRP model was 3× higher than the
model from Sturm. The lower deposition is that because the Strum’s model particles within
similar size range are randomly transported into the various structures, whereas the ICRP
assumes uniform deposition probability. Analysis of the regional deposition of the VOCs,
the ICRP model calculated a higher amount at the nasopharyngeal region (~ 7×) but were
only ~ 0.5× higher in the tracheobronchial region, and ~1.5× higher in the alveolar region
relative to the deposition model by Sturm. Overall, there is a good agreement between the
two models at the deeper regions of the respiratory system. The highest amount of VOC
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deposited was 1640 pg of n-BuOH partitioning onto SA at 5°C, which was estimated by
ICRP model (Figure 7.1). For an adult breathing VOC- and aerosol-laden air, the Sturm’s
model calculated 580 pg of n-BuOH assuming partitioning onto organic aerosol. On the
other hand, the least amount of VOC deposited into the respiratory system was that TCE
was negligible onto both aerosol type at 35°C as calculated by both particle deposition
models (Figure 7.3).
7.7 VOC deposition by ages and regions of the respiratory system
The total volume of air inhaled for 24 h by age is 10.5 m3 for 5-Y, 15.8 m3 for 10Y, 16.9 m3 for 15-Y, and 15.4 m3 for an adult. We used these data to calculate the mass of
inhaled PM/VOC for each age group. VOC deposition for n-BuOH was higher than for
TCE and 1,2-DCB for adults. Total deposited mass for 5-Y was ~ 2.5× less than for other
ages, but those for 10-Y, 15-Y, and adult were comparable. For all ages, the mass of nBuOH at 5°C deposited into the respiratory systems was comparably higher than for other
VOCs. The mass of TCE deposited at 35°C was the lowest. In general, the younger the
age, the less VOC amount deposited into the deeper pulmonary region, particularly in the
alveolar region. However, the mass of VOC deposition into the nasopharyngeal region for
10-Y was slightly higher than for 15-Y and adults. The mass deposited in the
tracheobronchial region for 15-Y was higher than that for adults. The deposition into the
nasopharyngeal region was the highest for 5-Y group as calculated by the Sturm model
(59%) and ICRP model (80%) relative to the total mass deposited. Especially in the 5-Y
group, the amount deposited onto the deeper regions of the respiratory system was
substantially lower.
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7.8 VOC deposition as a function of temperature
The VOC mass in the aerosol particles decreased as temperature increased, as
depicted in the smaller experimental Kp. As the temperature rose and corresponding
enhanced volatility, less VOC partitioned onto the aerosol phase. For Am Sulf and SA
aerosols, the ratios of the total VOC mass at 25°C to that at 5°C for n-BuOH and 1,2-DCB
were ~ 2 and ~ 10, respectively. At 25°C and 35°C, the ratios were ~ 4× less for 1,2-DCB
and ~ 30,000× less for TCE on Am Sulf to that on SA aerosols. Differences exist between
the mass of the VOC that sorb Am Sulf and SA aerosol particles. The highest amount
calculated was obtained at 5oC because of the lower vapor pressure of the VOCs at this
temperature. The mass of 1,2-DCB was of similar order to that of n-BuOH. At all
temperatures, only a negligible amount of TCE partitioned onto the aerosols. The
partitioning trends for all the VOC/temperature/aerosol combinations are similar since we
used similar regional particle deposition. The only parameter that would vary is the mass
of the VOC for each age group. As the temperature increased, the experimental Kp values
for each VOC decreased. Therefore, VOCs entering the body with the aerosol decreased
with an increased in temperature (Figure 7.1). Due to the high volatility of compounds,
they remain in the gas phase rather than partitioning on the aerosol phase as the temperature
increased. At this condition, the VOC concentration inhaled through the aerosols
decreased.
Error bars for the data in Figures 7.1, 7.2, and 7.3 were omitted. We calculated the
uncertainty as the propagated uncertainty using the standard deviation from the
experimental Kp. Errors were propagated based on the following equations.
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𝛿𝑚𝑣𝑜𝑐

𝜎𝑚𝑣 2 = |

𝛿𝐾𝑝

2

2

| × |𝜎𝐾𝑝 | ,

(7.7)

which yields
𝜎𝑚𝑣 = Cp ×Vt, air × f𝑃𝑀 × f𝑟𝑑 × 106 ×𝜎𝐾𝑝

(7.8)

Therefore, the corresponding uncertainty is the uncertainty in determining the experimental
Kp. The temperature was not included as a variable in propagating the error because we
precisely controlled it, varying only by 0.01°C. The relative standard deviations were 0.2–
6%.
7.9 Estimate of VOC deposition in the respiratory system due to varying TSP levels
We calculated the VOC deposition on the respiratory system based on the PM2.5
levels in cities worldwide. We used formaldehyde as it is more environmentally relevant.
We assumed that the Kp for n-BuOH applies due to similar polarity, and we used a
formaldehyde mixing ratio of 500 ppb (Kaden et al., 2010). However, we likely
underestimated the mass of formaldehyde that partitioned onto aerosol particles since
formaldehyde is a reactive carbonyl compound. In aqueous saline aerosols, formaldehyde
can undergo irreversible chemical reactions, mainly to oligomers of its diol form
(Matubayasi et al., 2007), whereas n-BuOH does not. Such reactive chemistry can
drastically alter the toxicity of formaldehyde in aerosol particles.
We used mixing ratios of 680 ppb for 1,2-DCB (Chin et al. 2013) and 10 ppm for
TCE (Bakke et al., 2007), and we assume similar mixing ratios for all cities depicted in
Table 7.4. These concentrations represent the worst-case scenario as they are among the
highest measured mixing ratios in indoor or outdoor environments. We assume that the
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Figure 7.1 Mass accumulation of n-BuOH on Am Sulf (a, b, and c) and SA (d, e, and f)
aerosols at 5, 25 and 35°C calculated from the deposition of 100 nm particles inhaled for
24 h different age groups.
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Figure 7.2 Mass accumulation of 1,2-DCB on Am Sulf (a, b, and c) and SA (d, e, and f)
aerosols at 5, 25 and 35°C calculated from the deposition of 100 nm particles inhaled for
24 h by different age groups.
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Figure 7.3 Mass accumulation of TCE on Am Sulf (a, b, and c) and SA (d, e, and f) aerosols
at 5, 25 and 35°C calculated from the deposition of 100 nm particles inhaled for 24 h
different age groups.
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Table 7.4 Estimated VOC mass (pg) deposited in regions of the airway during a 24-h exposure at 25°C and RH
~35% using the ICRP model for PM2.5.
Mass (pg)

Formaldehyde

1,2-DCB

110
TCE

a

Seoul (max)
Seoul (avg)
US (avg)
Nepal (2017)
Niger (2017)
World (2017)
Seoul (max)
Seoul (avg)
US (avg)
Nepal (2017)
Niger (2017)
World (2017)
Seoul (max)
Seoul (avg)
US (avg)
Nepal (2017)
Niger (2017)
World (2017)

DF
(NPL)
190
29
11
127
120
59
2.1
0.3
0.1
1.4
1.4
0.7
0
0
0
0
0
0

SA
DF
(TB)
17
3
1
11
11
5
0.2
0
0
0.1
0.1
0.1
0
0
0
0
0
0

DF
(AL)
30
5
2
20
19
9
0.3
0.1
0
0.2
0.2
0.1
0
0
0
0
0
0

DF
(NPL)
199
31
12
134
126
62
31.2
4.8
1.8
20.9
19.7
9.6
0
0
0
0
0
0

Am Sulf
DF
(TB)
18
3
1
12
11
5
2.7
0.4
0.2
1.8
1.7
0.8
0
0
0
0
0
0

DF
(AL)
31
5
2
21
20
10
4.9
0.8
0.3
3.3
3.1
1.5
0
0
0
0
0
0

Values using the particle deposition from Sturm will be 0.7, 2, and 0.6× that for those calculated from the ICRP. We
assume that the partitioning behavior for particles with median diameter of 77 nm applies to PM2.5.
NPL, TB, and AL stand for nasopharyngeal/laryngeal, tracheobronchial, and alveolar regions, respectively.
A value of 0 is < 0.0001 pg

partitioning behavior for particles with median diameter of 77 nm applies to PM2.5. The
deposited masses into the various regions of the respiratory system had a maximum
deposition of ~ 200 pg at the head airway during a 24-h exposure ignoring reduction due
to the metabolism. Mass accumulation in the respiratory system will be higher for an adult
engaging in light work as the data in Table 7.4 were obtained while sitting. Formaldehyde
had the highest mass deposition with TCE being negligible despite the high mixing ratio
(10 ppm). Formaldehyde mass exceeded that of 1,2-DCB by a factor of 89 and 6 on SA
and Am Sulf aerosols, respectively. Other cities listed in Table 7.1 were not included as
they have a similar PM2.5 level to some cities listed in Table 7.4. Values using the particle
deposition from Sturm will be 0.7, 2, and 0.6× for those calculated from the ICRP.
7.10 Discussion
Global VOC emission is estimated to be ~ 2.2 ± 0.48 Tg year–1 by 2050 (Yeoman
& Lewis, 2021). Increasing emissions of VOCs are due to their use as replacements for
halocarbons as aerosol propellants (Yeoman & Lewis, 2021) and additives in personal care
products (PCPs), exceeding those released from gasoline vehicles (Yeoman & Lewis,
2021). For many VOCs, their indoor concentration far exceeds outdoors (John D. Spengler
et al., 2001). Most studies on VOCs measure total VOCs (TVOCs), representing the
concentration of diverse groups of compounds present indoors and outdoors. However,
TVOC concentration is not an accurate metric for assessing VOC exposure since each
compound’s threshold toxic concentration varies. More harmful but less abundant VOCs
may drive the overall toxicity than those at high concentration but less toxic. Therefore,
differentiating VOCs is essential, particularly highly toxic VOCs that may partition at
significant concentrations onto aerosols. VOC in aerosol phases might be a significant
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additional burden to their already high gas-phase concentration. In some homes, ethanol
levels can exceed 1000 µg m-3 (~ 500 ppb), while 1,4-dichlorobenzene, α-pinene, and dlimonene concentrations have been detected at ~ 100 µg m-3 (Logue et al., 2011). This
mixing ratio is similar to that we used in the calculation (0.5 ppm). Cells poorly absorbed
gas-phase VOCs because of kinetic and diffusion limitations. However, the contribution of
aerosol-bound VOCs that may be deposited to deeper regions of the respiratory systems
studies has been understudied. To our knowledge, only Ebersviller et al. investigated the
impact of aerosol-bound acrolein (Ebersviller et al., 2012a).
Although limited to three VOCs, we chose them as the parent structure to some
common VOCs. We used 1,2-DCB as a surrogate of benzene, toluene, ethylbenzene, and
xylene (BTEX), which are present in some household solvents and industrial formulations.
We used trichloroethylene as a surrogate of chlorinated aliphatic organics; TCE is used as
a degreaser and solvent (Bakke et al., 2007). In occupational settings, TCE concentration
in air can be as high as ~ 45 ppm (Bakke et al., 2007). TCE and tetrachloroethylene but
also

vinyl

chloride, methylene

chloride,

benzene,

toluene, cis-

and trans-1,2-

dichloroethylene (DCE), and 1,1-DCE, were identified as the major drinking-water
contaminants at Camp Lejeune (National Research Council (US) Committee on
Contaminated Drinking Water at Camp Lejeune, 2009). These VOCs can migrate from
subsurface soil or groundwater into the air in basements (vapor intrusion) (National
Research Council (US) Committee on Contaminated Drinking Water at Camp Lejeune,
2009). If ventilation is insufficient, VOC concentration can reach high levels in basements
(Du et al., 2015). We chose n-BuOH as representative of moderately polar compounds.
BTEX concentrations measured in cities globally in outdoor environments are 154 ppt - 38
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ppb for benzene, 186 ppt - 27 ppb for toluene, 30 ppt - 8 ppb for ethylbenzene, and 99 ppt
- 12 ppb for xylenes (Cerón Bretón et al., 2020). The average indoor concentration in Spain
is ~ 600, 969, 140, 140 ppt (Esplugues et al., 2010). In one measurement in Iran, BTEX
concentration was at least 2–6× higher indoors than outdoors, with indoor mixing ratios of
5, 18, 3, 11 ppb, respectively (Hazrati et al., 2016). BTEX concentration is highly variable,
but indoor concentrations exceed that outdoors (Cerón Bretón et al., 2020).
For an equal amount of aerosol and VOC concentration, n-BuOH (moderately polar
compound) contributes ~ 98%, nonpolar aromatic such as 1,2-DCB contributes to ~ 2–3%
(Figure 7.3). The weakly polar chlorinated aliphatic compound, TCE, has the highest vapor
pressure than the other two VOCs and had a negligible contribution (0.001%) even at high
concentration. Overall, moderately polar compounds, or presumably more polar VOCs,
will drive the VOC mass in aerosols depending on the aerosol’s composition. Since we
used only one VOC, other VOCs of similar polarities should be investigated. In general,
more VOC partitioned into Am Sulf aerosol particles (Figure 7.4) than onto organic aerosol
particles; partly because Am Sulf is hygroscopic, holds more liquid water content, and
dissolves more water-soluble VOCs (Ahn, Rao, & Vejerano, 2021a, 2021b).
Risk is a function of hazard and exposure; some VOCs despite being present at low
concentration are more hazardous. Assuming that gas-phase VOCs have similar toxicity
level, highly polar VOCs will increase the adverse health risk due to their higher
partitioning onto aerosol particles. For this reason, in a VOC mixture, polar compounds
such as formaldehyde may drive the toxicity of TVOCs detected indoors. In a typical
commercial formulation, formaldehyde is dissolved in water (40 vol%) with methanol (6–
13 vol%) as a stabilizing solution (‘OSHA Fact Sheet: Formaldehyde | Occupational Safety
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and Health Administration’) Building materials, coatings, and combustion are the largest
sources of formaldehyde indoors (Salthammer et al., 2010). Burning incense can produce
formaldehyde at a concentration of ~ 300 µg m-3 measured in an 18.3-m3 chamber when
burning incense sticks (Baek & Jeon, 2014). Under quiescent condition, formaldehyde
emission from smoking six cigarettes can reach a concentration of 234 µg m-3 when
confined in a 30-m3 chamber (Lee & Wang, 2004).
The amount that can partition on aerosols can be applied to formaldehyde (2.28 D)
and methanol (2.87 D), which is more polar than n-BuOH (1.66 D) based on dipole
moments. We predict more formaldehyde and methanol will partition onto organic aerosol
particles than n-BuOH because they are relatively more polar and more soluble in water
despite being more volatile. This behavior has been observed for acrolein (3.11 D), an
extremely volatile VOC. Aerosols passed over acrolein vapor induce a significant adverse
biological response than the pure aerosols alone (Ebersviller et al., 2012a). One plausible
reason for this behavior consistent with our study is acrolein’s relatively higher polarity
and water solubility. However, Ebersviller and colleagues did not ascribe the enhanced
toxicity to these physicochemical properties. Despite the vapor pressure of formaldehyde
being ~ 3.6× higher than acrolein, we expect a significant concentration of it to partition in
aerosols, specifically at higher RH levels. However, acrolein is a highly reactive α, βunsaturated aldehyde that reacts with chemical and biological nucleophiles (Kehrer and
Biswal, 2000). Thus, both the mass and chemical reactivity of acrolein drive the toxicity
of the aerosol particles.
Formaldehyde is a highly water-soluble polar molecule with a large sticking
coefficient (Toda et al., 2014). Indeed, measured formaldehyde concentration from
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Figure 7.4 Contribution of the three VOCs to the amount deposited in the respiratory
system that sorbed on model organic and inorganic aerosols. Values for the line graphs
correspond to the parameter on the right axis. Values for the bar graphs correspond to the
parameter on the left axis.
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aerosols collected above forests in Japan, predominantly being organic, accounts for 5% of
the total formaldehyde concentration (gas + aerosol) (Toda et al., 2014).

This

concentration is substantially higher than those expected for a VOC. Our partitioning study
was measured at RH 35%. Increasing RH levels can increase the mass in the aerosols
depending on the aerosol and VOC properties. Aerosol-phase concentration of
formaldehyde increases with higher liquid water content in aerosol (Toda et al., 2014). At
high RH level (> 90%), the measured formaldehyde mass for aerosol consisting of Am Sulf
exceeds that predicted by Henry’s law by two orders of magnitude (Toda et al., 2014) and
as high as three orders of magnitude (Klippel & Warneck, 1980). The authors attribute this
enhancement to formaldehyde oligomerizing in highly saline aerosol (Toda et al., 2014).
Our data and this information suggest that VOCs’ contribution, specifically those with high
water solubility and more polar organic, e.g., moderately polar and highly polar
compounds, should be revisited as they may contribute to some of the adverse impacts of
aerosols. We do not assert that only solubility and polarity will drive the partitioning of
these VOCs in aerosol particles. Therefore, at similar VOC and TSP level, we expect higher
mass deposition of formaldehyde than those in Table 7.4, particularly for aerosol particles
containing ammonium sulfate at higher RH levels. The water solubility of chlorinated
aliphatic and aromatic VOCs increases with decreasing numbers of carbon or halogen
atoms (National Research Council (US) Committee on Contaminated Drinking Water at
Camp Lejeune, 2009). n-BuOH was less affected by increasing temperature, probably
because of the strong hydrogen bonding with the water molecule in the aerosol particle.
Presumably, formaldehyde will behave similarly to n-BuOH as it forms a strong hydrogen
bond with water (Ramelot et al., 1994).
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VOC-specific properties and aerosol-specific properties drive the VOC mass that
sorbed on aerosol. We used the data from the pure aerosol components (mixture of organic
and inorganic aerosols). We assumed that each component contributes independently to
the VOC that partitioned at different aerosols masses (Figure 7.5). The x-axis is the varying
fraction of organic and inorganic aerosols. A value of 1 means that the aerosol consists of
only the inorganic component (Am Sulf), and 0 means that the aerosol consists of only the
organic component (SA). The mass n-BuOH, a moderately polar VOC, increases as the
organic aerosol fraction increased. The mass of 1,2-DCB, a nonpolar VOC, increases as
inorganic content increases. The composition of ambient aerosols in indoor and outdoor
air is more complex. Indoors aerosols more likely contain higher organic contents,
particularly those generated from cooking activities such as frying. Cooking is one indoor
activity that generates a high PM2.5 mass concentration exceeding 250 µg m3 when using
gas burners (Patel et al., 2020). The emission rate of PM10 and PM2.5 during cooking can
be as high as when 0.39–20.45 mg min-1 (Kang et al., 2019). In countries that use wood
and biofuels, PM2.5 concentrations are even higher. The data presented in Figure 7.5 should
be taken for illustrative purposes only and subject to limitations. We assume that the VOC
mass is contributed independently by each aerosol type. Ambient aerosols are more
complex containing multiple components. Ambient aerosols are susceptible to phase
separate depending on environmental conditions (Freedman, 2017, 2020; You et al., 2012).
Hence, upon phase separation, different VOCs will interact differently with these
components, and therefore are not simply independent contributions of their masses in
aerosols. The behavior of aerosol at high RH levels, particularly above the deliquescence
RH drastically differ under less humid conditions.
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Total and regional deposition of PM2.5 increases with age due to the higher air
volume and variation in airway geometry, increasing particle deposition efficiency.
Regional deposition of particles increases with age (Sturm, 2020). This fact is responsible
for the increase in regional and total deposition of a VOC (Figure 7.1, 7.2, & 7.3). 5-Y Age
group had lower inhaled aerosol-bound VOCs compared to older age groups. Deposition
of PM0.1 in the alveolar region is overestimated by the ICRP, particularly for the 5-Y group,
and 2× higher for older age groups. There was a slight increase in the VOCs deposited with
increasing ages. Adults appear to be more vulnerable to the risk of VOC exposure due to
higher particle deposition.
Additionally, adults in homes and occupational settings perform many VOC and
aerosol-generating activities in homes and occupational settings (Salthammer, 2014;
Sriram et al., 2014; Lin et al., 2019). Aerosol-bound VOC had more detrimental effects on
lung cells than did the PM alone (Ebersviller et al., 2012a). Aerosols can penetrate deeper
into regions of the respiratory system, whereas soluble gases are removed mainly by the
upper respiratory tract (Last et al., 1980). Although particles deposited into the respiratory
system are removed effectively by the mucociliatory clearance, these defenses are slower
relative to VOC diffusion. Hence, VOCs in aerosol may diffuse into components of the
respiratory system before the aerosol can be cleared from the system (Hofmann & Sturm,
2004; Sturm, 2011, 2012). Although these VOC exposure amounts are below the
guidelines, chronic exposure from aerosol-bound VOC is a concern (Bernstein et al., 2008).
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Figure 7.5 Variation of VOC loading at different PM2.5 levels in which the fraction of
PM0.1 was assumed to be 1 wt%. The VOC mass was calculated as independent
contribution from those that sorbed onto organic and inorganic aerosols. Partitioning data
at 25°C were used. Intersecting lines have a similar TSP level.
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CHAPTER 8
OVERALL CONCLUSIONS
This study investigated the partitioning of VOCs into the multiple environmental
compartments to predict their fate and transport under various conditions. We controlled
the types of soil and aerosol particles, water contents, relative humidity, and temperature
to predict the partitioning coefficient of VOCs. Furthermore, the impact on the
environment and human health were estimated by assuming the accidental chemical spills
and emissions of contaminants.
In chapter 3, we assessed the partitioning of six polar, weakly polar or nonpolar
VOCs into two types of soil under environmentally relevant conditions (i.e., watersaturated condition) to find a physicochemical parameter for predicting the KSA for these
VOCs. The soil water content is important for the partitioning of VOCs, particularly, for
highly polar VOCs and some aromatic VOCs. Partitioning of non-polar substituted
aromatics was sensitive to the organic matter content in water-saturated soil. psat and Koa
correlated best with KSA compared with the other physicochemical parameters; the KSA of
VOCs on soil with high organic matter content correlated well with psat and Koa but not on
mineral soil (clays). The VOCs partitioned into the soil by a combination of different
mechanisms; associating with the soil organic matter, dissolving into the water in soil and
adsorbing at the air-water interface. We applied the results of our study to calculate the air
concentration of the VOCs. The air concentration for some VOCs was substantially lower
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than NIOSH REL even under a worst-case scenario. Results can be used to estimate
emissions for similar types of VOCs emitted from the soil to the atmosphere. For future
studies, we recommend developing a separate model for predicting the partition coefficient
of highly polar and nonpolar or weakly polar VOCs. Also, we recommend investigating
further the impact of organic matter on the partitioning of aromatic VOCs.
In chapter 4, our results suggest that the contribution of a pure and slightly watersoluble organic fraction of aerosols to the overall VOC-aerosol partitioning was significant.
Ignoring the contribution of WSOM and focusing only on the WIOM fraction of aerosols
may underestimate the Kp of VOCs in modeling studies for predicting Kp. Arp and
colleagues (Arp et al., 2008a) proposed a dual-phase sorption model that included both the
partitioning of organics into the WIOM and the hydrophilic phase of aerosols. However,
only the dissolution of organic acids and bases in aerosol water was included in the model
to represent the partitioning of organics into the hydrophilic phase of aerosols, which may
be oversimplified. In this case, we did not use the dual sorption model as we did not obtain
data for aerosols that contained both organic and inorganic components. Later, a water-air
partition coefficient model was developed for nonpolar organics partitioning into the
aqueous phase of aerosols (Lohmann & Lammel, 2004; Efstathiou et al., 2016). Yet, this
model looked at the effect of aerosol water on the organic partitioning and ignored the
effect of WSOM. We observed that SA interacts strongly with 1,2-DCB than the inorganic
or aerosol water.
In chapter 5, VOCs’ environmental and health impacts need to be reexamined as a
dominant class of outdoor and indoor air pollutants. We employed our previously
developed method to discriminate the low mass fraction of the VOCs in aerosols to their
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gas-phase concentration. Using this method enabled us to accurately determine the mass
fraction of three surrogate VOCs on simple organic and inorganic aerosols. For a highly
abundant VOC, its mass fraction in aerosols can reach a similar level to some SVOCs with
very low abundance in the atmosphere, consistent with earlier findings. For a weakly polar
organic, Kp varied linearly with the inverse of the absolute temperature. In contrast, for a
moderately polar compound, n-BuOH, Kp varied quadratically. The sorption of the VOCs
into both types of aerosol was favorable compared to some S/VOCs partitioning onto
atmospheric aerosols. Using ΔHvap as a proxy for and ΔHdes for calculating Kp cannot be
generalized because of the wide differences in polarity for VOCs and the nonlinear
dependence of ΔHdes on temperature. For weakly polar VOCs, ΔHvap can be used as a
surrogate for estimating Kp but may not be suitable for moderately and highly polar
organics. In developing models, the nature of VOCs has to be considered, particularly for
moderately/highly polar VOCs, as well as aerosol-specific properties. This study will
contribute to creating models for VOCs’ gas-particle partitioning that can inform in
assessing their environmental and health impacts.
In chapter 6, many contaminants of concern in the environment are VOCs, which
may be released into the environment from chemical spills, use and disposal of chemicals,
and other activities. VOCs are subject to transfer between media. Partition coefficients are
critical for predicting the fate and transport of VOCs in the environment and assessing
exposure to them. In general, partitioning of the VOCs onto Am Sulf was likely via
adsorption at an RH < 40%, whereas above this RH, the small amount detected on the
aerosol potentially partitioned via absorption. On Am Sulf aerosol, partitioning proceeds
via by adsorption due to the aerosol’s higher active surface sites at low RH. It appears that
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aerosol-specific properties strongly affect partitioning behavior than do VOC-specific
properties. For TCE, a weakly polar compound, interacted strongly with the surface of Am
Sulf aerosols via Van der Waal’s interaction, as deemed from the higher partitioning
constant compared to those of SA aerosol. The faster decline in the Kp values even at a
lower RH for Am Sulf is due to water film covering the aerosol and is more hygroscopic
than SA aerosol. Deactivation of active sites by water was less intense for SA aerosol
because they deliquesce only at nearly saturated RH. n-BuOH had the highest Kp, which
we attribute to its ability to form strong hydrogen bond with the adsorbed molecular water
layer on both aerosols. These studies were conducted on simple model aerosols. Future
studies should investigate more complex aerosols as aerosol-specific properties appear to
dictate partitioning. We expect that a more complex aerosols would behave substantially
different from our model aerosols. These experimental gas-particle partitioning data can
be used for developing VOC-specific models.

Results can be used to improve the

prediction of the impacts of VOCs on health and the environment.
In chapter 7, We calculated the regional and total deposition of VOC-containing
aerosols in the respiratory system using n-butanol, 1,2-dichlorobenzene, and
trichloroethylene as proxy compounds. VOCs dominate the class of contaminants indoors
and outdoors. Most exposure assessment of PM excludes the contribution of VOCs because
it is assumed that only a negligible mass partitions into aerosol particles. Using
experimentally-derived Kp, we calculated the mass of some VOCs deposited into the
various structures of the respiratory systems. VOCs that partition in aerosol particles are
likely moderately polar and aromatic organic compounds. Aliphatic chlorinated
compounds had negligible contribution to TVOCs in aerosol particles due to their very low
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Kp. Older age group appears to inhale more VOCs than the younger cohort. The mass of
aerosol-phase VOCs inhaled for 24 h is < 200 pg which mimic a worst-case scenario. Using
experimental Kp may inform inhalation toxicology, thus developing quantitative risk
assessment to improve our understanding of the health impacts of VOCs in aerosols.
Depending on the class of VOC, polar and nonpolar aromatics may be a significant
additional burden to chronic VOC exposure. Adults, particularly those in occupational
settings that uses VOCs, are vulnerable due to chronic VOC exposure. We call for more
studies to understand the adverse impact of VOCs using more complex aerosols and assess
their impact on human health, which to date remain scant.
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